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EXECUTIVE SUMMARY
Heavy metals and persistent organic pollutants (POPs) are toxic substances, which are within the
scope of various international bodies including the UNECE Convention on Long‐range Transboundary
Air Pollution (hereafter, CLRTAP or the Convention). Despite continuous decrease of emissions of
these pollutants in the past decades, these substances still cause adverse effects on human health
and ecosystems (the Long‐term Strategy of the Convention, ECE/EB.AIR/2018/1/Rev.1). The priority
heavy metals targeted by the Convention are lead (Pb), cadmium (Cd) and mercury (Hg). The list of
considered POPs includes polychlorinated biphenyls (PCBs), polychlorinated dibenzo(p)dioxins and
dibenzofurans (PCDD/Fs), hexachlorobenzene (HCB), and polyaromatic hydrocarbons (PAHs). The
priority PAHs are benzo(a)pyrene (B(a)P), benzo(b)fluoranthene (B(b)F), benzo(k)fluoranthene (B(k)F),
and indeno(1,2,3‐cd)pyrene (IP). Research and operational assessment of heavy metal and POP
pollution are carried out by relevant EMEP Centres – the Centre of Emission Inventories and
Projections (CEIP), the Chemical Coordinating Centre (CCC), the Meteorological Synthesizing Centre –
East (MSC‐E).
The purpose of the present Status Report is to provide an overview of the EMEP Centres activities in
the field of heavy metals and POPs carried out in accordance with the bi‐annual workplan of the
Convention for 2018‐2019 [ECE/EB.AIR/GE.1/2017/20‐ECE/EB.AIR/WG.1/2017/13]. The report
includes information on emissions, monitoring, and model assessment of heavy metal and POP
pollution in 2017; research activities and co‐operation with subsidiary bodies to the Convention and
international organizations. Detailed technical information aimed to support the Status Report is
available in the Supplementary Data Reports on heavy metals [Ilyin et al., 2019] and POPs [Gusev et
al., 2019] as well as at the MSC‐E website (www.msceast.org).

Emissions
Quality of emissions data reported by countries has been improved significantly. In 2019 emission
inventories for heavy metals and POPs were submitted by 45 of 51 Parties. Completeness and
consistency of the reported data affects significantly estimated emissions trends in various parts of
the EMEP region. Emissions of heavy metals in the western part of the EMEP region show a rather
smooth declining trend. In contrast, long‐term trend of heavy metal emissions in the eastern part of
the region as well as trend of POP emissions exhibit strong variations due to incomplete reporting or
effect of inconsistent data from individual countries. In order to improve consistency of the time
series the countries recalculate previously reported data. For instance, emissions data for 2016 were
considerably (more than 15% difference) changed by 22 countries. Gridded emissions data on the
new EMEP grid were reported by 29 countries. Final emissions fields for modelling were generated
by MSC‐E based on reported emissions data collected and gap‐filled by CEIP and supplemented by
additional information on vertical distribution, seasonal variation and chemical speciation of heavy
metal and POP emissions.
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Monitoring
Measurements of heavy metal and POP pollution levels were performed at sites of the EMEP
monitoring network under methodological guidance of CCC. Observed concentrations of Pb and Cd in
air or precipitation in 2017 were reported from 65 measurement sites. Besides, 28 sites were
measuring Hg in either air or precipitation. The PAHs measurements were carried out at 36 stations,
and other POPs were observed at 12 sites. The lowest concentrations for heavy metals were
generally found in Scandinavia, whereas the highest values were commonly observed in Central and
Western Europe. The highest PAH and PCB levels took place at sites located in the central part of
Europe, while the highest HCB levels are noted for the Arctic stations (Spitsbergen, Greenland). The
analysis of seasonal variability reveals that lighter PCB congeners have higher contribution to total
sum of PCBs in summer compared to the heavier congeners. It was also shown that HCB air
concentrations are the lowest in summer and the highest in winter. The exception is stations located
in the high Arctic (e.g., Zeppelin).
Transition to finer spatial resolution makes possible more thorough analysis of heavy metal and POP
levels in highly populated and urbanized areas. In order to refine modelling results and facilitate
evaluation of the model performance MSC‐E utilized supplementary data from AIRBASE database by
European Environmental Agency (EEA). Information on air concentrations of Pb, Cd, Hg and B(a)P
from more than 700 European sites was involved into the analysis.

Status of pollution levels in 2017
Model assessment of transboundary pollution of the EMEP countries by heavy metals and POPs in
2017 was carried out by MSC‐E. Main results of the assessment are based on the most recent heavy
metal and POP emissions dataset for 2016 available at the moment of the study. Updated results
based on the new emissions reporting for 2017, which became available in the meantime, will be
presented at the website along with updated information for the EMEP countries.
The performed analysis shows that the highest levels of Pb, Cd, and Hg deposition take place in the
Balkan countries, Central and Eastern Europe. Considerable deposition also occurs along windward
slopes of mountain regions (the western part of Norway, the Alpine and Balkan regions, the south‐
eastern part of Kazakhstan and north of Kyrgyzstan). Elevated Hg deposition fluxes are also predicted
in the high Arctic as a result of intensive Hg oxidation during springtime.
High levels of B(a)P concentration, which exceed the air quality guidelines, take place in the countries
of Central and Eastern Europe. Countries of Central Europe (Poland, Slovakia, and Hungary) as well as
Romania, Northern Italy, Russia, and Turkey are characterized by elevated concentrations of
PCDD/Fs. For PCB‐153 the areas of relatively high concentrations comprise countries of Western and,
partly, Southern Europe (e.g. Germany, France, Belgium, and Italy). In case of HCB, higher levels are
indicated for countries of Central, Southern, and Eastern Europe. Contrary to other POPs, HCB levels
in air are more homogeneous indicating its higher persistence in the atmosphere. Spatial
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distributions of annual deposition fluxes of HCB, PCDD/Fs, and PCB‐153 are similar to those of air
concentrations.
Modelled air concentrations of heavy metals generally agree with the levels observed at the EMEP
monitoring network. The mean relative bias between the annual average modelled and observed
concentrations does not exceed 1% and 12% for Pb and Cd, respectively. The corresponding spatial
correlation coefficients are as large as 0.8. Deviation between the modelled and observed Hg0 air
concentrations does not exceed ±15%. Simulated wet deposition of heavy metals agrees with
observations within a factor of 2. The modelling results for PAH reproduce the EMEP observations
with the mean relative bias for the sum of 4 PAHs about ‐17% and high spatial correlation (0.8).
Validation of individual PAH compounds indicates some under‐prediction of observed B(a)P, B(k)F, and
IP air concentrations, and over‐prediction of B(b)F concentrations. The model tends to under‐predict
by 40% non‐EMEP B(a)P measurements at rural and suburban monitoring sites available from
AIRBASE. Simulations of PCB‐153 are generally consistent with measured pollution levels in the
countries of Northern and Central Europe. For more than a half of monitoring sites the difference
between measured and modelled concentrations is within a factor of 2 and spatial correlation
coefficient is 0.8. There is a general tendency of under‐prediction of observed HCB concentrations by
the modelling results with mean bias about ‐50%.
Main contributors to atmospheric deposition of Pb and Cd in the EMEP countries are anthropogenic
sources and wind re‐suspension. The contribution of non‐EMEP sources is relatively low except for
the countries located close to the borders of the EMEP region. Regional anthropogenic emissions
sources contribute on average 22% of Hg deposition in the EMEP countries, whereas contribution of
intercontinental transport exceeds 75%. However, this large estimate contains implicit contribution
of EMEP emissions that flew out through the boundaries and returned back to the region. The
contribution of transboundary transport exceeds deposition form national sources in 37, 39 and 36
of 51 EMEP countries for Pb, Cd and Hg, respectively.
Deposition of PAH from foreign sources exceeds deposition form national sources in a half of the 51
EMEP countries. Similar prevalence of transboundary transport over national emissions in deposition
of other POPs is estimated in a number of countries varying from 22 for PCDD/Fs to 38 for HCB.
Secondary emission sources of PCDD/Fs, PCB‐153, and HCB contributed about 50‐70% to deposition
of these pollutants in the EMEP countries.

Additional information products
Regular model assessment provides valuable information on heavy metal and POP pollution levels as
well as the source‐receptor relationships. Variety of additional information can be produced to
support the policy making process both within the Convention and in other international bodies. It
includes evaluation of ecosystem‐specific deposition, atmospheric loads to major regional
watersheds, marginal seas and remote regions (the Arctic), estimates of exceedances of air quality
standards, and pollution assessment on a global scale.
Model estimates of heavy metal deposition to various types of the surface land cover (forests,
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grasslands, crops, water bodies, etc.) are performed on a regular base and available at the MSC‐E
website. These estimates of ecosystem‐specific deposition are aimed to support activities within the
Working Group on Effects (WGE) and, in particular, evaluation of critical loads exceedences. This
relevant information is widely used in the Convention to characterize levels of adverse effects on
human health and biota. Future work in this direction requires updating both deposition estimates
and the critical loads for heavy metals and POPs.
Aquatic ecosystems are among the most vulnerable receptors of heavy metals and POP pollution,
which undergo long‐term accumulation and bio‐magnification of the contaminants. In many cases,
direct atmospheric deposition to the water surface cannot completely characterize contamination of
the water body due to additional input of the pollution with ground and surface water run‐off from
the adjacent territory. Therefore, deposition fluxes of the considered heavy metals and POPs to
major watersheds of rivers, lakes and coastal drainage areas within the EMEP region have been
calculated and analysed. Among the major rivers in Europe and Central Asia the largest atmospheric
load of Hg and B(a)P is to watersheds of the Vistula and Oder rivers in Central Europe. In contrast,
the watersheds of the Ugra and Oka rivers located in Russia are the most significantly affected by Cd
deposition.
Some PAHs, such as B(a)P, are characterized by toxic properties and are considered as carcinogens,
mutagens, and teratogens. Exceedances of the target value adopted within the European Union for
annual mean B(a)P air concentrations (1 ng/m3) has been estimated based on the modelling results
for the EMEP region. About 12% of total population of the EMEP countries lived in 2017 on territories
characterized by the exceeded EU target level. The information on the target level exceedances is
expected to support activities of the Task Force on Health and WGE with regard to the analysis of
population exposure to toxic substances and their impacts on human health and ecosystems.
In addition, information on heavy metal and POP deposition to the marginal seas (Baltic, North,
Mediterranean, Black, and Caspian) was prepared along with source apportionment for 2017. Similar
information was also produced for the Arctic sector covered by the EMEP domain. Finally, the
regional model assessment was supported by global scale simulations using the GLEMOS multi‐scale
modelling system to take into account the effect of inter‐regional and intercontinental transport on
pollution of the EMEP countries. It was noted that improvement of the global scale assessment
requires closer co‐operation of the LRTAP Convention with other international bodies (UN
Environment, Stockholm Convention, Minamata Convention) in order to facilitate development of
global emissions inventories for heavy metals and POPs.

Research activities
Research activities of MSC‐E were carried out in accordance with the priorities of the long‐term
strategy for the Convention and were aimed at improvement of the pollution assessment quality and
further development of the modelling tools. The main directions of the research included country‐
scale pollution assessments for B(a)P (France) and heavy metals (Germany), analysis of key emission
sources and trends of B(a)P pollution, evaluation of a new mechanism of Hg photo‐reduction in the
atmosphere, and further development of the multi‐media approach for POPs and Hg.
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The current stage of a pilot study for B(a)P on regional and national scales is focused on evaluation of
various parameterizations of the key processes governing B(a)P fate in the atmosphere. Two
chemical transport models (GLEMOS and CHIMERE) are involved to the study. The analysis of the
model simulations is carried out in close cooperation with national experts from France and Spain.
Results of study show the critical role of the parameterization of B(a)P degradation in air for
evaluation of its long‐range transport. Thus, further refinement of the parameterizations of particle‐
bound B(a)P degradation and gas‐particle partitioning processes is needed.
A new study of heavy metal pollution on a country scale has been started this year for Germany. The
main objective of the study is generation of detailed information on levels and spatial distribution of
atmospheric deposition of three heavy metals (Pb, Cd, Hg) in the country for the period from 2014 to
2016. This year activities include preparation of input information, pilot simulations of heavy metal
pollution in the country, and preliminary evaluation against observations. Further work within the
study will include finalizing the model assessment of pollution levels, joint analysis of assessment
results with national experts, evaluation of national emissions based on both modelling and
measurement data, and formulation of recommendations for improvement of the assessment
quality both on national and regional scales.
In spite of significant improvements in understanding of Hg oxidation and reduction mechanisms,
current knowledge on Hg atmospheric chemistry remains incomplete. An experimental version of the
GLEMOS model was applied to test a new mechanism of Hg photo‐reduction in gaseous phase over
the global scale. The performed analysis of the modelling results shows that the new mechanism
applied along with the Br‐initiated oxidation chemistry provides reasonable agreement of modelling
results with observations. However, remaining discrepancies of modelling results with
measurements require further in‐depth study of the Br oxidation/reduction chemistry.
Environmental dispersion of some POPs (HCB, PCDD/Fs, PCBs) and Hg is characterized by intensive
cycling between various environmental media (atmosphere, ocean, soil, vegetation). This cycling
determines a complex character of their dispersion and leads to legacy effect of historical emissions
on contemporary pollution levels. To take this phenomenon into account a multi‐media modelling
approach has been developed and applied in the GLEMOS model for simulation of POP pollution
both on regional and global scales. Besides, the approach was recently adapted for multi‐media
modelling of Hg. New developments of the multi‐media approach include refining information on
physical‐chemical properties and update of the model parameterizations for HCB. For this purpose,
sensitivity of the modelling results to parameterizations of HCB air‐soil exchange has been studied.
Simplified version of GLEMOS was also applied to simulate Hg multi‐media cycling on a global scale
for the period from the beginning of the 19th century to nowadays. The process of Hg accumulation
in different media was studied and contemporary level in the atmosphere and seawater were
evaluated against observations.
Analysis of long‐term trends of B(a)P pollution was carried out for the period from 2007‐2017 to
support evaluation of effectiveness of the measures on PAH pollution reduction. Simulated changes
of B(a)P air concentrations were compared with observations from the EMEP monitoring network
and AIRBASE. It was shown that B(a)P levels demonstrate statistically significant decrease at 30% of
sites and statistically significant increase at 7% of sites. Further activity will be focused on the
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detailed analysis of temporal trends at particular stations including source apportionment and
contribution of various emission sectors.

Cooperation with subsidiary bodies of the Convention and other international bodies
Scientific co‐operation is an important part of MSC‐E activities aimed at support and improvement of
heavy metal and POP pollution assessment within EMEP as well as dissemination of the assessment
results to wider international audience. Results of current research activities and future plans of
MSC‐E were discussed at the recent meeting of the Task Force on Measurements and Modelling
(TFMM). The Centre also contributed to the work of the Task Force on Techno‐Economical Issues (TF
TEI) aimed at promoting the ratification of the CLRTAP Protocols by the EECCA countries. In co‐
operation with the Arctic Monitoring and Assessment Programme (AMAP) the Centre takes part in
the new AMAP Assessments on the Arctic pollution by Hg and POPs. Besides, regular evaluation of
airborne pollution load of heavy metals and POPs to the Baltic Sea is carried out in the framework of
cooperation with the Helsinki Commission (HELCOM). Finally, MSC‐E continues collaboration with the
UN Environment as well as Minamata and Stockholm Conventions.

Main challenges and directions of future research
Future directions of the EMEP centre’s activities will be aimed at improvement of heavy metal and
POP pollution assessment in the EMEP region. The country‐scale study for Germany will be continued
focusing on detailed analysis of the modelling results and deriving recommendations for
improvement of the assessment quality both on national and regional scales. Besides, detailed
assessment of PAH pollution in Poland will be launched. A multi‐model analysis for B(a)P pollution is
planned in the framework of the EMEP EuroDelta‐Carb intercomparison exercise in co‐operation with
TFMM and national experts. The major mechanisms of Hg oxidation and reduction in the atmosphere
will be further studied and evaluated. Attribution of long‐term changes of Hg and POP pollution to
regional and extra‐regional (global and secondary) sources will be performed. Finally, MSC‐E will
continue long‐term co‐operation with WGE focusing on joint analysis of heavy metal measurements
in moss, preparation of information on Hg deposition to water bodies/watersheds, and B(a)P
exceedances of air quality guidelines.
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INTRODUCTION
Heavy metals and persistent organic pollutants (POPs) are toxic substances, which are within the
scope of various international bodies including the UNECE Convention on Long‐range Transboundary
Air Pollution (hereafter, CLRTAP or the Convention). Despite continuous decrease of emissions of
these pollutants in the past decades, these substances still cause adverse effects on human health
and ecosystems (the Long‐term Strategy of the Convention, ECE/EB.AIR/2018/1/Rev.1). The priority
heavy metals targeted by the Convention are lead (Pb), cadmium (Cd) and mercury (Hg). The list of
considered POPs includes polychlorinated biphenyls (PCBs), polychlorinated dibenzo(p)dioxins and
dibenzofurans (PCDD/Fs), hexachlorobenzene (HCB), and polyaromatic hydrocarbons (PAHs). The
priority PAHs are benzo(a)pyrene (B(a)P), benzo(b)fluoranthene (B(b)F), benzo(k)fluoranthene (B(k)F),
and indeno(1,2,3‐cd)pyrene (IP).
The Co‐operative Programme for Monitoring and Evaluation of Long‐range Transmission of Air
Pollutants in Europe (EMEP, www.emep.int) provides scientific support of the Convention in terms of
emission inventories, monitoring, modelling and integrated assessment of transboundary pollution
by various contaminants. Research and operational assessment of heavy metal and POP pollution are
carried out by relevant EMEP Centres – the Centre on Emission Inventories and Projections (CEIP),
the Chemical Coordinating Centre (CCC), the Meteorological Synthesizing Centre – East (MSC‐E).
The purpose of the present Status Report is to provide an overview of the EMEP Centres activities in
the field of heavy metals and POPs carried out in accordance with the bi‐annual workplan of the
Convention for 2018‐2019 [ECE/EB.AIR/GE.1/2017/20‐ECE/EB.AIR/WG.1/2017/13]. The report
consists of six chapters. Chapter 1 presents the status of heavy metal and POP emissions reporting by
the EMEP countries and preparation of emissions data for modelling. Chapter 2 overviews
observations of these pollutants in the EMEP monitoring network and other measurement initiatives.
Assessment of the current status of heavy metal and POP pollution in the EMEP region is presented
in Chapter 3. Chapter 4 summarizes results of research and development activities. Cooperation of
MSC‐E with subsidiary bodies of the Convention, international organizations and national experts is
discussed in Chapter 5. Main challenges and plans for future activities are formulated in Chapter 6.
Detailed technical information aimed to support the Status Report is available in the Supplementary
Data Reports on heavy metals [Ilyin et al., 2019] and POPs [Gusev et al., 2019] as well as at the MSC‐E
website [www.msceast.org]. Main results of the assessment are based on the most recent heavy
metal and POP emissions dataset available at the moment of the study, which was prepared by CEIP
for 2016. Results of the model assessment based on the new emissions reporting for 2017, which
became available in the meantime, will be presented at the website along with updated information
for the EMEP countries.
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1.

EMISSIONS OF HEAVY METALS AND POPs

Emission data is one o the key components of air pollution assessment. Status of official emission
data on heavy metals and POPs including reporting by the EMEP countries, long‐term changes, re‐
calculations between 2016 and 2017 and gap filing is overviewed. Besides, regional‐scale and global‐
scale emissions used in the model assessment are described.

1.1. Official emission data for 2017
The EMEP Reporting guidelines [UNECE, 2014] request all Parties to the LRTAP Convention to report
annually emissions and activity data of air pollutants (SOx, NOx, NMVOCs, NH3, CO, heavy metals1,
POPs2, PM (and voluntary BC). Further, every four years, projection data, gridded data and
information on large point sources (LPS) have to be reported to the EMEP Centre on Emission
Inventories and Projections (CEIP).

1.1.1. Reporting of emission inventories in 2019
Completeness and consistency of submitted data have improved significantly since EMEP is collecting
information on emissions. Data of at least 45 Parties each year were submitted to CEIP for the last
seven years (compare Fig.1.1). 45 Parties (88 %) submitted inventories3 in 2019; six Parties4 did not
submit any data. 41 Parties provided time series of priority heavy metals (Cd, Hg, Pb), 3 Parties
reported only 2017 data, 38 Parties reported data on 5 additional heavy metals (Arsenic (As),
chromium (Cr), copper (Cu), nickel (Ni), selenium (Se), zinc (Zn) and their compounds). 43 Parties
reported data on POPs (total PAHs, PCDD/Fs, HCB, PCBs) five from which reported only 2017
emissions [EEA/CEIP, 2019].
1

Heavy metals (Cd‐ Cadmium, Hg‐ Mercury, Pb‐Lead) and its compounds.

2

Persistent Organic Pollutants (Total PAHs, PCDD/Fs, HCB, PCBs).
(j)
Polycyclic aromatic hydrocarbons (PAHs). For the purposes of emission inventories, the
following four indicator compounds shall be used: benzo(a)pyrene, benzo(b)fluoranthene,
benzo(k)fluoranthene, and indeno(1,2,3_cd)pyrene;
(k)
“Dioxins and furans” (PCDD/F), which are polychlorinated dibenzo p dioxins (PCDD) and
polychlorinated dibenzofurans (PCDF), tricyclic, aromatic compounds formed by two benzene rings,
connected by two oxygen atoms in PCDD and by one oxygen atom in PCDF, and the hydrogen atoms of
which may be replaced by up to eight chlorine atoms;
(l)
“Polychlorinated biphenyls” (PCBs), which means aromatic compounds formed in such a
manner that the hydrogen atoms on the biphenyl molecule (two benzene rings bonded together by a
single carbon‐carbon bond) may be replaced by up to 10 chlorine atoms.

3

The original submissions from the Parties can be accessed via the CEIP homepage on
http://www.ceip.at/status_reporting/2019_submissions.
4

Greece, Bosnia and Herzegovina, Kazakhstan, Liechtenstein, the Republic of Moldova, and Montenegro.
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The quality of submitted data across countries differs quite significantly. By compiling the
inventories, countries have to use the newest available version of the EMEP/EEA air pollutant
emission inventory guidebook, which is the version of 2016 [EMEP/EEA Guidebook 2016]. However,
many countries still use the Guidebook 2013 [EMEP/EEA Guidebook 2013] or older versions.
Uncertainty of reported data (national totals, sectoral data) is considered relatively high – the
completeness of reported data has not turned out satisfactory for all pollutants and sectors neither.
Detailed information on recalculations, completeness and key categories, plus additional review
findings can be found in the annual EEA & CEIP technical inventory review reports and its Annexes5.

Fig.1.1. Parties reporting emission data to EMEP since 2002, as of 4 June 2019

1.1.2. Emission Trends in the EMEP area – reported data
For priority heavy metals and POPs the emission trends and completeness of reported data show
different pictures for EMEP‐East and EMEP‐West regions. EMEP‐West region includes EU28
countries, Monaco, Albania, Bosnia & Herzegovina, North Macedonia, Montenegro, Serbia, Iceland,
Liechtenstein, Norway and Switzerland. The EECCA countries and Turkey are related to the EMEP‐
East region [www.ceip.at/emep_countries].

5

http://www.ceip.at/review_proces_intro/review_reports
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EMEP West area ‐ POPs
The strong fluctuations in emission trends of POPs for the EMEP‐West region are mostly due to the
reporting of single countries (Fig. 1.2). The high reductions of HCB from 2001 to 2002 are due to the
strong drop of emissions reported by Germany and the peak in 2009 is mainly due the reporting of
Albania. The high increase from 2000 to 2006 and the strong drop in 2007 of PAHs and B(a)P is due to
the reporting of Bulgaria whereas the trend of PAHs and B(a)P emissions in the period 2007‐2017 is
dominated by Portugal. The strong drop in 2017 PAH emissions and its four compounds is mainly due
to the gap in reporting of Greece. The drop in PCB emissions for 2000 – 2002 is mainly due to the
reporting of Portugal. The drop in B(k)F emissions for 2007‐2008 is mainly due to the reporting of
Poland. It has to be mentioned that Austria, Spain, Italy and Finland report total PAH emissions but
do not report the four PAH compounds B(a)P, B(b)F, B(k)F and IP.

Fig. 1.2. Emission trends of POPs 2000‐2017 in the EMEP West area (reported data)

EMEP East area ‐ POPs
Reporting of POPs in the EMEP East region is quite incomplete and shows high peaks and inconsistent
time series. The Russian Federation reported some POPs for the years 2000 and 2005 only and
Turkey did not report any POPs at all. Belarus did not report data for the year 2000 and incomplete
data for 2001. Ukraine reported very high levels of POPs for the years from 2010 to 2013 (constant
values) and 2017 only. The following figure (Fig. 1.3) shows 2002 to 2017 POPs emissions for EMEP
East without emissions of Ukraine. The strong peak of PCDD/F and HCB emissions in 2005 is mainly
due to the reporting of Russia. The drop in PCB and PAH emissions 2017 is mainly due to missing data
of Kazakhstan for this year.
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Fig. 1.3. Emission trends of POPs 2002‐2017 in the EMEP East area (reported data) without Ukraine

EMEP West area – priority heavy metals
Priority heavy metals of the EMEP West area show a rather smooth down trend and a dip for the
year 2009 which reflects the economic and industrial production downturn in that year (Fig. 1.4). The
strong decrease of Pb emissions from 2000 to 2002 is mainly due to lower emissions in the transport
sector of Italy and Spain.

Fig. 1.4. Emission trends of priority heavy metals 2000‐2017 in the EMEP West area (reported data)
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EMEP East area – priority heavy metals
Unlike for EMEP West, priority heavy metals of the EMEP East area show an unstable trend from
2000 to 2007, which is mainly due to incomplete reporting (Fig. 1.5). The dip of 2001 Pb and Cd
emissions is mainly due to a gap in reporting of the Russian Federation, which reports for 2000, 2002‐
2006 and 2009 (jump in Cd emissions) only. The drop in 2017 emissions is mainly due to missing data
from Kazakhstan. Ukraine and Belarus do not report data for 2001. Azerbaijan and Turkey are the
only countries, which report complete time series for all three heavy metals.

Fig. 1.5. Emission trends of priority heavy metals 2000‐2017 in the EMEP East area (reported data)

1.1.3. Comparison of 2016 data reported in 2018 and in 2019
Reported data of 2016 emissions (reported in 2019) with 2016 emissions (reported in 2018) were
compared. For 22 countries, data changed by more than 15 % for one or several pollutants (see Fig.
1.6 and Appendix 2). For 11 countries, 2016 data is unchanged or nearly unchanged (< 1 %).
Bulgaria and Malta showed the largest relative recalculations (see right part of Fig. 1.6.) with
changes up to almost 4500% (Malta, HCB).
For B(a)P, PAHs and PCB, the recalculations of Portugal (‐51%, ‐45%, ‐92%) contributed the most
share to overall recalculations in the EMEP area.
Beside Portugal, the PAH recalculations of Bulgaria (+564%) and Spain (‐46%) also contributed to a
large extend to overall recalculations in the EMEP area.
For PCDD/Fs, the recalculations of Azerbaijan (‐99%) contributed the most share to overall
recalculations in the EMEP area.
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For Pb, the recalculations of Poland (‐29%) contributed the most share to overall recalculations in the
EMEP area.

Fig. 1.6. Recalculations between the 2019 and 2018 submission for year 2016 values (reported data). The
separate chart at the right side shows countries with recalculations > 200% or <‐200%.

1.1.4. Data sets for modelers in 2019
Data used by CEIP were reported by the Parties to the LRTAP Convention as sectoral emissions
(NFR14) and National Total emissions according to the UNECE guidelines for reporting emissions and
projections data under the LRTAP Convention, Annex I [UNECE, 2014].
Reported (NFR6) sector data were aggregated to 13 GNFR sectors. In several cases, no data were
submitted by the countries, or the reporting is not complete or contains errors. Before such emission
data can be used by modellers, missing or erroneous information have to be filled in or replaced by
expert estimates. To gap‐fill missing/erroneous data, CEIP typically applies different methods. The
gap‐filling procedure annually is fully documented in technical reports (Technical reports CEIP
02/2019 and 03/2019), which can be downloaded from the CEIP website7. After the gap‐filling, sector
emissions are used for spatial distribution (mapping) to the EMEP grids.
The Parties, where reported data were (partly) replaced in 2019 are Albania, Armenia, Azerbaijan,
Bulgaria, Germany, Finland, Portugal, Romania, Serbia, Turkey and Ukraine (see Appendix 3 or
Technical report CEIP 02/2019 and 03/2019).

6

NFR – Nomenclature for Reporting

7

http://www.ceip.at/ceip_reports
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Contribution of individual sectors to total EMEP heavy metals and POPs emissions
Fig. 1.7 shows the contribution of each GNFR sector to the total emissions of individual air pollutants
(Cd, Hg, Pb, B(a)P, B(b)F, B(k)F, IP, PAHs, PCDD/F, HCB, PCB). To provide as complete a picture as
possible of the situation of the individual sectors to total EMEP emissions, data as used for EMEP
models (i.e. gap‐filled data) were used for the calculations. The analysis does not include sea regions.

Fig. 1.7. GNFR sector contribution to national total emissions in 2017, EMEP extended area without sea regions
(only percentages above 10% are shown)

It is evident that the combustion of fossil fuels and processing of raw materials is responsible for a
significant part of heavy metals and POPs emissions.
Industry production emits about 34% of Cd emissions, followed by 31% from public power and heat
plants.
Energy industries emit about 48% of total Hg emissions, mainly from coal power plants, followed by
the industry production sector, which released 33% of total emissions.
About 50% of Pb emissions have been released by the industry production sector, while each of the
other sectors contributes to a maximum of about 16%. Road transport (leaded gasoline) only
contributes to 16%.
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The largest source of PAHs and its compounds (B(a)P, B(b)F, B(k)F, IP) is the ‘other stationary
combustion’ sector, which contributes to 69% of total emissions. The main source of PAH emissions
are coal and wood stoves/boilers in households. 12% of PAH emissions are released by the
agriculture sector, mainly from field burning of agriculture residues.
With 42% of total emissions, the ‘other stationary combustion’ sector contributes most to PCDD/F
emissions. The main source of PCDD/F emissions are coal and wood stoves/boilers in households.
Industry production plants (metal industries) contribute to 37% of total PCDD/F emissions and the
waste sector (mainly waste incineration) contributes to about 13%.
With 34% of total emissions, the ‘other stationary combustion’ sector also contributes most of HCB
emissions, followed by industry production with 30% and the energy sector with 17%.
The dominating sector for PCB emissions is the industrial sector, which contributes 79% to total
emissions.
Fig. 1.8. illustrates the sector contribution for the sum of total emissions in the EMEP West region
and the EMEP East region. North Africa is included in the EMEP East region. The comparison of both
graphs highlights some significant differences between West and East.

Fig. 1.8. GNFR sector contribution to national total emissions in 2017 for the EMEP West and EMEP East areas
(Only percentages above 10% are visible. ‘Remaining Asian Areas’ are included in the EMEP East region and
North Africa is included in the EMEP West region)
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Reporting of gridded data
2017 was the first year with reporting obligation of gridded emissions in the new grid resolution of
0.1°x0.1° (long/lat). Twenty‐nine of the 48 countries which are considered to be part of the extended
EMEP area did report sectoral gridded heavy metal and POP emissions in the new resolution until
June 2019 and one country reported only gridded national total values (instead of sectoral data). The
majority of gridded sectoral emissions in 0.1°x0.1° (long/lat) resolution have been reported for the
year 2015 (28 countries). For the year 2017, gridded sectoral emissions have been reported by three
countries only.
Twelve countries reported gridded emissions additionally for previous years (one country for the
whole time series from 1980 to 2017; one country for the whole time series from 1990 to 2017;
three countries for the years 1990, 1995, 2000, 2005 and 2010; one country for the years 1990, 2000,
2005 and 2010; one country for the years 2005 and 2010; one country for the year 2005; one country
for the year 2010; and three countries for the year 2014).
Reported gridded sectoral data in 0.1°x0.1° (long/lat) resolution, which can be used for the
preparation of gridded emissions for modellers, covers less than 20 % of the cells within the
geographic EMEP area. For remaining areas missing emissions are gap‐filled and spatially distributed
by expert estimates. Reported grid data can be downloaded from the CEIP website8.

Gridded data 2017 in new resolution 0.1° x 0.1° (long/lat)
For this year it was agreed with the modellers to perform gap‐filling and gridding for the year 2017 in
0.1° x 0.1° longitude/latitude resolution on GNFR sector level.
The 0.1° x 0.1° GNFR grids of heavy metals (Cd, Hg, Pb) and POPs (B(a)P, B(b)F, B(k)F, IP, PCDD/Fs,
HCB) were spatially distributed based on the gridding system developed by CEIP. Map of Pb total
emissions in 2017 is shown in Fig. 1.9 as an example. The system is module based and uses as a first
step reported gridded emission data for each country and sector where it is available and usable. If
no reported gridded data in the 0.1° x 0.1° (long/lat) resolution is available, reported gridded PM
data is used as proxy for spatial disaggregation. If reported PM data is also not available PM data
from the Copernicus Atmospheric Monitoring Service (CAMS‐81, CAMS‐REG‐AP‐v2.2) and the
Emission Database for Global Atmospheric Research (EDGAR) is used as proxy.
Reported gridded data in 0.1° x 0.1° (long/lat) resolution was used from Austria, Belgium, Bulgaria,
Croatia, Czech Republic, Denmark, Finland, France, Georgia, Greece, Hungary, Ireland, Latvia,
Luxembourg, Malta, Monaco, Netherlands, North Macedonia, Norway, Poland, Portugal, Romania,
Slovakia, Slovenia, Spain, Sweden, Switzerland and United Kingdom. For Poland, Portugal and Spain
the spatial disaggregation of sector ‘F – Road Transport’ had to be replaced by CAMS proxies.
Reported gridded data from Italy had to be completely replaced by CAMS and EDGAR proxies.
8

http://www.ceip.at/status_reporting
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Fig. 1.9. Visualized gap‐filled and gridded Pb emissions in 0.1°x0.1° long‐lat resolution

1.2. Emissions data for modelling
Regional emissions
Model assessment of heavy metals and POPs pollution in the EMEP domain was made on the basis of
gridded emission data with spatial resolution 0.1°x0.1° provided by CEIP (http://www.ceip.at).
Pollution levels of heavy metals and POPs in 2017 were evaluated on the basis of emissions reported
for the previous year 2016 due to availability of necessary gridded emission data9. Detailed
description of estimated heavy metal and POP emissions in the EMEP countries, gap‐filling methods,
and expert estimates applied for preparation of emission inventory, can be found in the Technical
reports of CEIP [Tista et al., 2018a,b].
Gridded emission data for PCB modelling were based on the available expert estimates and officially
reported data of the EMEP countries. Model assessment of PCB pollution levels (total and congener
specific) requires definition of emissions of particular PCB congeners. However, currently reported
national inventories of PCB emissions provide total releases of PCBs without distribution by particular
congeners. Therefore, to evaluate transport and fate of individual PCB congeners, congener specific
emission inventory of Breivik et al. [2007] was used for modelling. The indicator congener PCB‐153
was selected to characterize transboundary transport and pollution by PCBs. Spatial distribution of
PCB‐153 emissions was constructed on the base of gridded PCB emissions officially provided by the
9

Update of the modelling results based on the new emission data for 2017 is available at the MSC‐E web site [www.msceast.org].
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EMEP countries. For other EMEP countries, which did not report gridded emission data, gridded
population density was used for allocation of emissions.
Estimates of PCDD/F emissions officially reported by the EMEP countries are most likely subject to
considerable uncertainties due to underestimation of releases from some source categories (e.g.
'Residential combustion', 'Open burning of wastes') and incomplete coverage of all potential sources
[Breivik et al., 2004; Fiedler, 2007; Pulles et al., 2005; Pulles et al., 2006]. For this reason emission
scenario, representing maximum level of PCDD/F releases to the atmosphere was used in the model
simulations. The maximum emission scenario was prepared on the basis of the uncertainty range
reported by 12 EMEP countries in their inventory information reports (namely, Belarus, Belgium,
Croatia, Cyprus, Denmark, Estonia, Finland, France, Latvia, Poland, Sweden, and the UK). Difference
between the maximum and average estimates of PCDD/F emissions in these countries varied from a
factor of 1.5 for the UK up to a factor of 4.2 for Denmark. For other EMEP countries, which did not
report uncertainty range in their inventories, the maximum level of national PCDD/F emissions was
assumed to be 3‐fold higher compared to the officially reported emissions in accordance with the
expert estimates [Pulles et al., 2006; Bogdal et al., 2014]. Thus, total PCDD/F emission in the EMEP
countries according to the maximum emission scenario exceeded reported data in the inventories by
a factor of 3.5 on average. This approach has already been applied in the model assessment for
previous year [Gusev et al., 2018].
Maps illustrating spatial distributions of the pollutants, namely, Pb, Cd, Hg, B[a]P, sum of 4 PAHs,
PCDD/Fs, HCB and PCB‐153 emission fluxes from anthropogenic sources in the EMEP region, used in
the model simulations for 2017, are presented in Figs. 1.10.
Along with gridded emission data the GLEMOS modelling system requires additional information on
heavy metal and POP emissions, namely, intra‐annual variations, distribution of emissions with
height and chemical speciation of Hg emissions. Necessary vertical and temporal disaggregation of
the emissions was generated using emission pre‐processing tool, developed by MSC‐E for the
GLEMOS modelling system. More detailed information on the emission pre‐processing procedure is
presented in the heavy metal Status Report [Ilyin et al., 2018].
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Fig. 1.10. Spatial distribution of Pb (a), Cd (b), Hg (c), B(a)P (d), sum of 4 PAHs (e), PCDD/Fs (f), HCB (g) and PCB‐
153 (h) emissions in the EMEP region used in model simulations for 2017
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2. MEASUREMENTS of HEAVY METALS and POPs
Information about actual pollution levels and their temporal changes is obtained by means of
monitoring. Current levels of heavy metals and POPs in air and precipitation measured at the EMEP
stations are overviewed. Supplementary measurement information including the data derived from
AIRBASE data base and results of regular moss surveys is described.

2.1. EMEP measurements in 2017
Heavy metals and persistent organic pollutants (POPs) were included in the EMEP’s monitoring
program in 1999. However, earlier data have been reported and are available. A number of countries
have been reporting heavy metals and POPs within the EMEP area in connection with different
national and international programmes such as HELCOM, AMAP and OSPAR. I.e. for 2017, the
Russian site Amderma has been reporting data to AMAP, and these data are also included in this year
EMEP report.
The EMEP monitoring strategy for 2010–2019 [UNECE, 2009] defines the monitoring obligations for
the Parties. For POPs, polycyclic aromatic hydrocarbons (PAHs), polychlorinated biphenyls (PCBs),
hexachlorobenzene (HCB), chlordanes (CHLs), lindane/γ‐hexachlorohexane (γ‐HCH), α‐HCH, and
DDT/DDE are part of the compulsory monitoring programme, while for heavy metals, Hg, Cd and Pb
are the 1st priority elements while Cu, Zn, As, Cr, Ni are the 2nd priority. In addition to these
compounds, several parties report other POPs and trace elements. All the data are available from the
EBAS database (http://ebas.nilu.no/), and more detailed information about the sites and the
measurement methods are found in EMEP/CCC’s data report on heavy metals and POPs [Aas et al.,
2019].
In the suggested new monitoring strategy for 2020‐2029, which will be adopted this autumn (2019),
the monitoring programme will continue as it is now. Further, it is recommended to increase the
attention on organic contaminants of emerging concern (CECs), thus these are included at level 3
sites, which is the voluntary part of the monitoring activity in EMEP. The monitoring of CECs is
important to better understand the CECs’ potential for long‐range transport and to help authorities
in determining adequate policy measures and if necessary, make national or international regulations
come into place. Initial monitoring of CECs in background air have shown that many CECs are present
in concentrations exceeding the concentrations of the legacy POPs with up to 1000 times

2.1.1. Monitoring of POPs in 2017
The spatial coverage of POP monitoring in Europe is still scarce and POP (not including PAH) data in
air are only available from maximum eight Parties (12 sites) in 2017 (Fig. 2.1a). For PAHs (i.e.
benzo(a)pyrene, B(a)P), the spatial coverage is better with data in air reported from 15 Parties (36
sites) (Fig. 2.1b).
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a

b

Fig. 2.1. Spatial coverage of the monitoring network of POPs versus PAHs (i.e. B(a)P) in EMEP in 2017.
The colors represent the annual mean concentrations in air for γ‐HCH (a), pg/m3 and B(a)P (b), ng/m3

Most POPs are semi‐volatile substances, e.g. they may occur in both gaseous and particulate states in
the atmosphere. Their gas‐particle partitioning is strongly temperature‐dependent, and hence
partitioning may vary both temporally (diurnal, seasonal) and spatially (e.g. by altitude, latitude).
Several POPs furthermore have a significant potential for reversible atmospheric deposition. POP
exchange between the atmosphere and various surface media is strongly temperature‐dependent as
well. Hence, measured concentrations of POPs in air may in part be a result of volatilization from
environmental surfaces as contaminated in the past, i.e. secondary emissions. Primary diffusive
emissions of intentionally produced semi‐volatile POPs (industrial chemicals, organochlorine
pesticides) are often temperature‐dependent as well. Thus, concentrations of POPs tend to be
elevated in air during summer because of elevated primary and/or secondary emissions. To
complicate matters, any correlation between air temperature and elevated concentrations of POPs in
air at northern background sites may also be a reflection of long‐range atmospheric transport (LRAT)
from warmer regions with higher emissions. In this year’s report, the main focus is on seasonal
variability of selected POPs in air in an attempt to (i) highlight the importance of continued long‐term
seasonally resolved monitoring within EMEP and (ii) identify and discuss some issues which may
merit further attention in terms of sources, processes and control strategies.

Polychlorinated Biphenyls (PCBs)
The environmental occurrence of Polychlorinated Biphenyls (PCBs) is mainly a result of historical
intentional production. Production peaked around 1970, followed by various control measures on
production and/or new use in various countries and jurisdictions. PCBs are among the initial POPs
included under the Aarhus protocol on POPs and the Stockholm Convention on POPs. They are also
among the POPs more extensively reported to EMEP and other monitoring programs. Annual mean
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concentrations for selected PCBs in air in 2017 are shown in Fig. 2.2. The four congeners shown in
Fig. 2.2 are among the seven so‐called indicator PCBs (or “Dutch PCBs”). These were abundant in
various technical mixtures of PCBs produced, and are among the congeners more frequently
analyzed and reported to EMEP.

a

b

c

d

Fig. 2.2. Annual mean concentrations in air for selected polychlorinated biphenyls (PCBs) in 2017 (pg/m3):
PCB‐28(a), PCB‐101 (b), PCB‐153 (c) and PCB‐180 (d)

More than half of the amount of PCBs ever produced was used in electrical equipment (transformers
and capacitors). PCBs were also used in various building materials, such as paints and as window
sealants. Many of these products still remain in use, causing continuing primary emissions to air and
other environmental media even today. While primary emissions are expected to have experienced a
general decline over the last decades, as also seen in the EMEP monitoring data, primary emissions
may still persist due to the long lifetime of products and material containing PCBs. Primary emissions
may also occur during the disposal/recycling stages, e.g. when buildings are demolished, or when
discarded electrical equipment (e.g. capacitors) is not properly recycled and/or disposed.
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The potential for POPs to undergo LRAT is limited by either atmospheric reaction or (net)
atmospheric deposition. Theoretical studies have suggested that the potential for LRAT varies
significantly among individual PCB congeners [Wania and Daly, 2002]. Atmospheric reaction is
predicted to be more efficient in limiting LRAT for the lighter and more volatile PCBs (e.g. PCB‐28),
whereas atmospheric deposition is suggested to be the limiting factor for the heavier and less‐
volatile PCBs (e.g. PCB‐180) . The latter effect, i.e. limited LRAT potential due to deposition, may help
to explain why PCB‐180 appears to experience elevated concentrations in air in more central parts of
Europe, compared to more remote sites (Fig. 2.2).

Fig. 2.3. Ratio between monthly concentrations in air for PCB‐28 + PCB‐52,
divided by PCB‐153 + PCB‐180 at EMEP sites

Another way to analyze the relative significance of reaction and deposition is to look at the ratio
between lighter and heavier PCBs over the time course of a year. This is shown in Fig. 2.3, where we
have calculated the monthly ratio between PCB‐28 + PCB‐52, divided by PCB‐153 + PCB‐180. There
are two sites, highlighted with stipulated lines, which are showing distinctively elevated ratios during
summer. These are the remote northern sites Zeppelin (NO0042G) and Pallas (FI0036R). A possible
explanation for this pattern might be a relative increase in lighter PCBs as a result of warmer
temperatures in air during summer, causing enhanced volatilization of the more volatile congeners
(PCB‐28 and PCB‐52). Or, the relatively cold air temperatures experienced during summer do not
lead to any enhanced degradation even for the lighter PCBs. This seasonal pattern may also be
affected by cold temperatures during winter, which may favor enhanced atmospheric deposition of
the less volatiles congeners (PCB‐153 and PCB‐180) at the expense of the more volatile congeners. In
the case of Zeppelin, a closer look at the data, comparing monthly concentrations in air divided by
the annual mean, suggest that PCB‐180 is the congener showing the more significant seasonal
variability in air (data not shown). In other words, the seasonal pattern for PCB‐180 at this site may in
part be explained by enhanced atmospheric deposition of PCB‐180 during winter. The seasonal
pattern for Andøya (NO0090R) is showing the opposite pattern, with a lower ratio observed during
summer. In this case, the pattern is largely explained by a stronger influence caused by lower

29

concentrations of lighter PCBs in air during summer, more than seasonal variability for heavier PCBs
(data not shown). One possibility for the seasonal pattern observed for Andøya could be enhanced
degradation of lighter PCBs during summer. For the other sites included in Fig. 2.3, seasonal patterns
are less distinctive. For many of the other EMEP sites, we suspect the lack of strong seasonal patterns
is a reflection of proximity to source regions. Under such circumstances, processes as atmospheric
reaction and deposition may not have altered the measured PCB fingerprint at EMEP sites, compared
to the original fingerprint from PCB emission sources.
However, the reasoning above rest on the critical assumption of measured concentrations at the
sites specifically discussed are mainly attributed to LRAT from distant sources and source regions.
Another feature associated with PCBs is their potential to undergo reversible atmospheric
deposition, i.e. due to secondary emissions from environmental reservoirs as contaminated in the
past [Wania and Mackay, 1996. Hence, it cannot be excluded the seasonal pattern seen at Zeppelin
and Pallas in Fig. 2.3 is partly caused by enhanced secondary volatilization of the more volatile
congeners during summertime. As it is well established Arctic regions are more prone to experience
an increase in temperatures as result of climate change, enhanced re‐volatilization of POPs have
been hypothesized [Ma et al., 2011].

Hexachlorobenzene
Hexachlorobenzene (HCB) is characterized by a relatively high volatility and a long lifetime in air
(approx. 1 year), compared to many other POPs. Hence, HCB does not readily degrade nor deposit,
and the spatial variability is therefore anticipated to be relatively small as any fresh signal from
emissions are likely to be buffered against the background concentration in air. Yet, the observed
annual mean concentration and seasonal patterns are indeed observed to be spatially variable (Fig.
2.4a). However, concentrations of HCB in air might be underestimated due to breakthrough during
active air sampling. Such sampling artefacts may possibly affect spatial patterns in particular,
dependent on specific air sampling strategies as well as temperatures at individual sites.
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Fig. 2.4. Spatial pattern of annual average concentrations of HCB in air (pg/m3) (a), and seasonal variability in
atmospheric concentrations for Zeppelin versus all other EMEP sites combined (b). The latter was calculated as
the monthly average concentration in air, divided by the annual mean
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Again, a closer look at seasonal patterns may reveal insights into sources and processes controlling
concentrations of HCB in air. In this case, however, degradation is a very slow removal mechanism
from the atmosphere. Hence, air‐surface exchange processes are assumed to be more influential as a
removal process, irrespective of whether surface to air fluxes are due to primary and/or secondary
emissions. In Fig. 2.4b we have plotted the seasonality of HCB concentrations expressed as monthly
mean divided by annual average concentrations in an attempt to minimize possible influence from
sampling artefacts mentioned above. Furthermore, we have singled out the seasonality for Zeppelin
(NO0042G), whereas all other EMEP sites are lumped into one lumped seasonal pattern. This was
done to simplify the picture as most stations (with the exception of Zeppelin and to some extent the
Danish station at Greenland (Villum Research Station, Station Nord) exhibited a seasonal pattern
which tended to exhibit higher concentrations during winter, compared to summer. Of course, a
possible explanation for this pattern could be that emissions are higher during winter compared to
summer. However, as the annual mean concentration in air of HCB is the highest at the most remote
Arctic sites, it seems unlikely primary emissions in these remote regions would be higher than the
other European sites. Taken together, it cannot be ruled out concentrations of HCB in air at Zeppelin
during summer and fall is largely affected by re‐volatilization from environmental reservoirs.

DDTs
DDT is an insecticide extensively used in the past, yet which continues to be used in some tropical
regions to combat mosquitoes carrying malaria viruses. The DDT technical mixture used as insecticide
contains about 80% or more of the p,p’‐DDT isomer. The highest annual mean concentration of p,p’‐
DDT in air was measured at Zingst (DE0009R: 5.9 pg/m3). The atmospheric burden at Zingst was more
than twice the annual mean concentration measured at the AMAP site Amderma (RU0002R: 2.6
pg/m3), and the EMEP sites Hof (DE0002R: 2.4 pg/m3) and Kosetice (CZ0003R: 2.3 pg/m3). The annual
mean concentration at other sites was 0.9 pg/m3 (DE0001R) or less [Aas et al., 2019]. The monthly
mean concentrations of p,p’‐DDT at EMEP sites are plotted in Fig. 2.5a. A seasonal pattern showing
elevated concentrations in air during summer is expected as emissions are anticipated to be more
significant during this time of year. However, the seasonal pattern of p,p’‐DDT in air alone do not
provide sufficient information which helps to discriminate between primary and secondary
emissions.

a

b

Fig. 2.5. Monthly mean concentrations of pp‐DDT in pg/m3 (a), along with monthly mean concentration ratios
for p,p’‐DDE/p,p’‐DDT (b) in air at EMEP sites in 2017

31

Once in the environment, p,p’‐DDT will gradually be converted into the p,p’‐DDE isomer. Hence, the
relative difference between these two isomers in the environment may provide valuable insights as
to whether samples are affected by fresh input of DDT (high p,p’‐DDT, low p,p’‐DDE), or a weathered
signal (high p,p’‐DDE, low p,p’‐DDT). Hence, the ratio between p,p’‐DDE to p,p’‐DDT is often analyzed
in environmental samples as shown in Fig. 2.5b. Zingst, which experienced a combination of both
high concentrations of p,p’‐DDT (left) and a low p,p’‐DDE/p,p’‐DDT ratio in 2017 appears to be
influenced by fresh inputs of DDT during summer [triangles in Fig. 2.5]. In contrast, Kosetice, which is
among the sites experiencing elevated concentrations during summer (Fig. 2.5a), have a calculated
p,p’‐DDE/p,p’‐DDT ratio (Fig. 2.5b) which suggest a weathered signal. Interestingly, the site at
Greenland (DK0010G) had very low concentrations of p,p’‐DDE, albeit a low ratio, indicating possible
influence by LRAT from areas affected by recent use of technical DDTs. While such ratios should be
interpreted with a healthy skepticism, a combination of concentrations and analysis of POP
fingerprints may offer useful information nonetheless. Such inferences would be difficult to infer
without continued seasonal monitoring of POPs in air within the EMEP programme. However, a more
detailed analysis of possible source‐receptor relationships to assess recent use of technical DDT in
controlling atmospheric samples requires a more in‐depth model based analysis of individual air
samples.

2.1.2. Monitoring of heavy metals in 2017
In 2017, there were 39 sites measuring heavy metals (Cd or Pb) in both aerosols and precipitation,
and altogether there were 65 measurement sites. 28 sites were measuring Hg in either air and
precipitation, 13 of these with co‐current measurements in air and precipitation. In total, 22 Parties
to the Convention reports heavy metal data to EMEP.
Annual averages of Pb , Cd and Hg concentrations in precipitation and in air in 2017 are presented in
Fig. 2.6‐2.8. The lowest concentrations for all elements are generally found in Scandinavia, and the
highest depends on compounds and compartment, aerosol or precipitation.
For Pb, the highest concentration in aerosols is observed in Hungary followed by sites in Slovakia, and
in the Benelux. In precipitation, the highest volume weighted annual mean is observed in Slovakia
followed by sited Spain and France. For Cd, the highest concentration in aerosols in observed in
Hungary followed by sites in Belgium and Spain, while in precipitation, the highest level is seen in
France, Spain and Estonia. For total gaseous and elemental Hg the highest concentration is seen in
Germany, while in precipitation, the highest levels are seen in Latvia and the Czech Republic.
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a

b

Fig. 2.6. Annual mean concentrations of Pb and in aerosols (a), ng/m3 and precipitation (b), µg/L in 2017

a

b

Fig. 2.7. Annual mean concentrations of Cd in aerosols (a), ng/m3 and precipitation (b), µg/L in 2017

a

b

Fig.2.8. Annual mean concentrations of Hg in air (a), ng/m3 and precipitation (b), ng/L in 2017
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2.2. Supplementary measurements
EMEP monitoring stations are mostly located in areas remote from main anthropogenic sources.
However, transition to finer spatial resolution makes possible to better reproduce concentrations
and deposition of heavy metals and POPs in more polluted regions such as urban areas and hot
spots. In order to characterise pollution patterns over the EMEP region and evaluate modelling
results against observed levels EMEP monitoring data can be supplemented with the information
regularly reported by European Environmental Agency (EEA). EEA collects and makes available
monitoring data on various pollutants including Pb, Cd, Hg, B(a)P and second priority metals (e.g., As,
Ni) obtained at national monitoring networks of EU countries‐members. These data as well as
metadata are summarized in AIRBASE (AQ‐e‐Reporting) database and are available online
(https://www.eea.europa.eu/data‐and‐maps/data/aqereporting‐8).
Available data on heavy metals and POPs were derived from the AIRBASE database by MSC‐E. In
2017 information on measured concentrations of Pb, Cd and Hg in air was reported by about 700,
850 and 26 stations, respectively (Fig. 2.9a,b). Results of B(a)P monitoring were reported from about
860 stations (Fig. 2.9c). Obviously, these data provide denser spatial coverage compared to EMEP
stations. Besides, AIRBASE data are reported for regions where measurements of EMEP are scare or
not available (e.g., Romania, Bulgaria, Italy etc.).

a

b

c

Fig. 2.9. Concentrations of Pb (a), Hg (b) and B(a)P (c) in the EMEP region form AIRBASE database (circles)

According to classification used within European Union, measurement stations in Europe are
subdivided according to type of area where stations are located, and from viewpoint of predominant
sources affecting the stations [Larssen et al., 1999]. Area types include urban (almost or completely
built‐up area), suburban (built‐up area mixed with agricultural lands, woods etc) and rural. Rural
stations additionally subdivided into the following categories:
•

Rural‐Near city (area within 10 km from the border of an urban or suburban area),

•

Rural‐Regional (10‐50 km from major sources/source areas),

34

•

Rural‐Remote (50 km from major sources/source areas).

Subdivision of stations regarding to predominant emission sources includes the following types:
•

Traffic (located in close proximity to a road and strongly influenced by traffic emissions),

•

Industrial (located near single industrial sources or industrial areas),

•

Background (not dominated by single emission source; representative of a wider area of at
least several square kilometers).

Mean levels and their range may significantly differ depending on type of a station. The lowest (4.2
ng/m3) air concentrations of Pb take place at background rural stations (Fig. 2.10a), followed by
traffic (8.7 ng/m3) and background urban (12.4 ng/m3) stations. The highest concentrations (22
ng/m3) are measured at industrial stations. Similar distribution is noted for Cd concentrations in air.
Average concentration of mercury at background rural stations is 1.35 ng/m3, at background urban
stations – 1.79 ng/m3 and at industrial stations – around 20 ng/m3.
Statistical distribution of B(a)P concentrations differs from that of heavy metals. The lowest annual
mean levels are noted for background rural (0.4 ng/m3) and industrial (0.7 ng/m3) stations (Fig. 2b).
The highest concentrations are measured at background urban stations (2.0 ng/m3).
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Fig. 2.10. Frequency distributions of observed concentrations of Pb (a) and B(a)P (b) in 2017 available in
AIRBASE data base. Boxes: 25th, 75th percentiles and median; circles: arithmetic mean; whiskers: range between
10th and 90th percentiles

Another type of supplementary information used for analysis of heavy metal pollution levels is data
on concentrations of heavy metals in terrestrial mosses [e.g., Schroder et al., 2015, Lequy et al., 2017,
Nickel et al., 2017]. Moss monitoring surveys are carried every five years out in European countries
[Harmens et al., 2016] under supervision of International Cooperative Programme on Vegetation
(ICP‐Vegetation) of Working Group on Effects. These surveys include both priority (Pb, Cd, Hg) as well
as other metals, e.g. As, Ni, Cu, Cr and Zn.
Measurements of heavy metals in mosses are characterized by higher spatial density compared to
EMEP monitoring network. Besides, these measurements are often organized in countries where
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EMEP network is scarce, e.g. in the Caucasus region, Russia and Central Asia (Fig. 2.11). However, it
should be noted that concentrations in mosses depend not only on atmospheric deposition but also
on other environmental factors (particular moss species, proximity to sea shore etc.). Therefore,
these data can be used in the assessment of pollution levels and verification of modelling results with
caution.

a

b

Fig. 2.11. Concentrations of Cd (a) and Hg(b) in mosses measured in 2015
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3.

STATUS of HEAVY METALS and POP AIR POLLUTION in 2017

Results of assessment of heavy metal and POP pollution levels in the EMEP region are presented. In
accordance with the mandate of EMEP, deposition, concentration and transboundary transport of
the considered pollutants was evaluated. Various additional types of information such as ecosystem‐
depended deposition, atmospheric pollution of watersheds, marginal seas, the Arctic region as well
as the results of global‐scale model simulations are described. Finally, meteorological conditions in
2017 and their changes compared to previous (2016) year are overviewed.

3.1. Meteorological conditions of 2017
Long‐range atmospheric transport and deposition of heavy metals and persistent organic pollutants
is strongly affected by meteorological conditions. Atmospheric circulation and vertical exchange of
air masses are responsible for transport of the pollutants. Wet scavenging is controlled by
atmospheric precipitation. Processes in the surface layer of the atmosphere influence dry deposition
velocity of pollutants and the intensity of gaseous exchange. Soil moisture and wind velocity are the
key meteorological factors responsible for dust suspension.
It is obvious that meteorological conditions change from one year to another. It can be caused by
relatively slow long‐term processes of climatic changes as well as inter‐annual variability of the
atmosphere. Therefore, meteorological conditions of 2017 are characterized via comparison with
climatic mean values. Besides, the conditions in 2017 are compared with those taken place in
previous (2016) year. This comparison is helpful for analysis of changes in pollution levels between
2016 and 2017.
The year 2017 is considered as the fifth warmest year starting from the middle of 19th century
[Blunden et al., 2018]. Near‐surface air temperatures in 2017 are higher than climatic mean (average
in the period from 1961 to 1990) over the entire Europe (Fig. 3.1). Average value of the anomaly is
1.3°C [Blunden et al., 2018, WMO, 2019]. Spatially the anomalies of about 1‐2°C are distributed
almost homogeneously over Europe. Higher values of the anomalies are noted in some regions of
Spain, Ukraine and the Arctic.
In winter of 2017 most significant (3‐4°C) positive anomalies were observed over Scandinavia and the
northern part of Russia. Winter colder than usual by 1‐3°C was noted for the Balkan countries, Turkey
and the Black Sea. Summer is characterized by anomalous heat over the central and the southern
parts of Europe, while over Scandinavia summer temperatures were lower than normal.
Climatic mean annual precipitation sums are calculated for the period 1981‐2010. In 2017
precipitation sums were close to climatic norm over most part of Europe (Fig. 3.2). The norm was
exceeded up to 67% in the north‐eastern part of Germany, northern Poland, a number of regions of
Russia, southern Romania and southern Bulgaria. In Estonia, southern France, Italy, Spain and
Portugal the precipitation made up 60‐80% of the climatic norm.

37

a

b

Fig. 3.1. Mean annual temperature in °C (a) and anomalies (b) for 2017 (reference period 1961‐1990, source:
http://www.dwd.de/rcc‐cm).

a

b

Fig. 3.2. Absolute (a, mm/month) and relative (b, %) anomaly of annual precipitation sums in 2017 relative to
climatic mean value for the period from 1981 to 2010. Source: http://www.dwd.de/rcc‐cm

Winter of 2017 was dry over most part of western and southern Europe, the Balkans and
Scandinavia, making up 40‐60% of the climatic norm. Over most part of European Russia and the
Norwegian coast precipitation were higher than normal by up to 67%. Dry summer conditions took
place in Portugal, southern France, Italy, central Europe, southern regions of Eastern Europe. Over
the northern part of Europe summer precipitation were presumably higher than normal.
Analysis of circulation indexes demonstrates that large‐scale atmospheric circulation patterns in 2017
over Europe and Central Asia does not differ much from the climatic [WMO, 2019, HMCR, 2019].
However, in should be noted that on smaller scales the variability of meteorological conditions may
affect transport patterns.
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Precipitation sums in 2017 (Fig. 3.3) used in the modelling differ from those in 2016. The difference
between precipitation in 2017 and 2016 is expressed in relative terms as difference between 2017
and 2016 divided by the value in 2016 and presented as percents. Therefore, positive values of this
relative difference mean increase of precipitation in 2017, and negative – decrease. Increase of
precipitation sums is noted for the Baltic Sea and most of Scandinavia, Germany, Poland, Belarus and
the central part of Russian European area (Fig. 3.3b). The decrease of precipitation, compared to
2016, takes place over southern and south‐western Europe, in the eastern European countries and
central Asia.

a

b

Fig. 3.3. Annual precipitation sums (a) and relative difference between precipitation in 2017 and 2016 (b).
Positive values mean increase and negative – decrease of precipitation in 2017 relative to 2016

Air temperature is important parameter affecting rates of chemical reactions. Since most of
pollutants are emitted within the lower troposphere, it makes sense to consider mean temperature
within atmospheric boundary layer. Annual mean air temperature in the EMEP region in 2017
averaged within atmospheric boundary layer (around 1 km) is shown in Fig. 3.4a, and the difference
between the temperatures in 2017 and 2016 – in Fig. 3.4b. Over most part of the region the
difference is within ±1°C, except for the Arctic and easternmost part of the EMEP region.

a

b

Fig. 3.4. Annual mean air temperature averaged over atmospheric boundary layer (~1 km) in 2017 (a) and
difference between the temperatures in 2017 and 2016 (b)
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3.2. Model assessment of pollution levels
Assessment of heavy metal and POP pollution of the EMEP region is based on both modelling results
and measurement data and includes evaluation of spatial patterns of pollution levels as well as
transboundary transport in 2017. It is based on the most recent dataset of gridded heavy metal and
POP emissions available at the moment of the study, which was prepared by CEIP for 2016 (Section
1.2.2). To evaluate changes in pollution levels due to inter‐annual meteorological variability the
assessment results are compared with previous estimates for 2016. This section contains a short
summary and analysis of the assessment. More detailed information on evaluation of modelling
results against measurements, transboundary pollution, deposition‐specific deposition is available
the Supplementary Data Reports for heavy metals [Ilyin et al., 2019] and POPs [Gusev et al., 2019].

3.2.1. Model setup
The operational model assessment of heavy metal and POP pollution in 2017 has been performed
with the GLEMOS model, version v2.0. Description of the current stable version of the model is
available at the MSC‐E website (http://en.msceast.org/index.php/j‐stuff/glemos). The simulations of
transboundary pollution of the EMEP countries have been carried out over the new EMEP domain on
the latitude/longitude projection (https://www.ceip.at/ms/ceip_home1/ceip_home/new_emep‐
grid/). Meteorological information for the model runs has been generated using a meteorological
pre‐processor based on the Weather Research and Forecast modelling system (WRF) [Skamarock et
al., 2007] and fed by operational analysis data from the European Centre for Medium Range Weather
Forecasts (ECMWF) [ECMWF, 2019]. Anthropogenic emissions data of all pollutants have been
prepared for modelling based on the gridded emissions fields provided by CEIP (Section 1.2.1) and
complemented by additional emission parameters required for model runs (Section 1.2.2). Data on
wind re‐suspension of particle‐bound heavy metals (Pb and Cd) from soil and seawater has been
generated using a dust pre‐processor [Gusev et al., 2006; 2007]. Concentrations of chemical
reactants (O3, OH, SO2), particulate matter (PM2.5) and its organic constituents (OC, BC), which are
required for Hg and POP chemistry, have been imported from the MOZART model [Emmons et al.,
2010]. Boundary conditions for the regional scale simulations of all considered pollutants have been
obtained from the GLEMOS model run on a global scale (see for details Section 3.3.6). Initial
conditions for the evaluation of pollution levels of long‐living POPs (e.g. PCBs, HCB, and PCDD/Fs) in
the EMEP region were prepared on the basis of long‐term spin‐up global model runs applying expert
estimates of historical emissions.

3.2.2. Lead and cadmium
Levels of Pb and Cd atmospheric pollution are evaluated using results of the model simulations and
measurements. Modelled concentrations and deposition were produced by the GLEMOS model using
emission and meteorological data for 2017. Measurements of concentrations in air and wet
deposition fluxes were carried out at the EMEP monitoring stations (Section 1.1.1).
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Concentrations of Pb and Cd in air are distributed unevenly over the EMEP region. The highest levels
are noted for Central Europe (southern Poland, west of Germany, Belgium, the Netherlands, north of
Italy) (Fig. 3.5). In the eastern part of the EMEP region (EECCA countries and Russia) relatively high
concentrations of Pb and Cd take place in the eastern part of Ukraine, the northern and south‐
western parts of Kazakhstan, Uzbekistan and Turkmenistan. Besides, areas or elevated Cd
concentrations occur in the central and eastern parts of Russia. The lowest concentrations of the
considered heavy metals take place in Northern Europe (Sweden, Finland, Norway, Iceland, north of
Russia) and the Arctic.
In the most part of the EMEP region where measurement data are available, modelled
concentrations match the observations. This statement is confirmed by statistical indicators: mean
relative bias for concentrations of Pb is 1% and for Cd is 12%. Spatial correlation coefficients are 0.82
and 0.76, respectively. More detailed discussion on agreement between modelled and observed
concentrations is given in Supplementary Data Report [Ilyin et al., 2019].

a

b

Fig. 3.5. Annual mean concentrations of Pb (a) and Cd (b) air concentrations in 2017. Circles show observed
values in the same colour scale

Spatial pattern of total deposition of Pb and Cd generally resembles that of air concentrations and to
some extent reflects spatial distribution of emissions and wind re‐suspension (Fig. 3.6). Unlike
concentrations in air, deposition fluxes over most territory of Central Asia are relatively low due to
dry climatic conditions and low precipitation amount. Besides, elevated precipitation at windward
slopes of mountain regions favours increase of deposition. It results in higher deposition along the
western part of Norway, the Alpine and Balkan regions, the south‐eastern part of Kazakhstan and
north of Kyrgyzstan (Tien Shan mountains).
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a

b

Fig. 3.6. Annual total deposition flux of Pb (a) and Cd (b) in 2017

Total deposition is a sum of wet and dry deposition. In the EMEP countries wet deposition makes up
about 70% and 80% of total deposition for Cd and Pb, respectively. Wet deposition is measurable
parameter, which is regularly recorded by the EMEP stations. Spatial distribution of calculated wet
deposition fluxes is generally confirmed by observations in the central part of Europe, the United
Kingdom and southern Scandinavia. Modelled wet deposition of Cd and Pb underestimate the
observed levels by about 40%, and spatial correlation coefficient is 0.5 – 0.6. However, the observed
fluxes are significantly (2‐5 fold) higher than the calculated levels in France, Spain, Latvia, Estonia and
northern Scandinavia. These large discrepancies may be explained by various reasons such as
uncertainties of the model parameterizations, emission data or measurements. More detailed
comparison between modelled and observed levels is available in Supplementary Data Report [Ilyin
et al., 2019].
Three groups of emission sources are responsible for heavy metal pollution levels in the EMEP
region. These are EMEP anthropogenic emissions of considered year, wind re‐suspension of dust
particles containing heavy metals, and emissions from sources located outside the EMEP region (non‐
EMEP sources). Average contributions of EMEP anthropogenic sources, wind re‐suspension and non‐
EMEP sources to total deposition of Cd amount to 66%, 24% and 10%, respectively. For Pb deposition
the corresponding values are 42%, 42% and 16%. Therefore, for Cd the main contributor is presented
by anthropogenic sources, while deposition of Pb is caused by anthropogenic sources and re‐
suspension in comparable proportions. However, it is important to note that uncertainty of modelled
re‐suspension is still high. Contribution of non‐EMEP sources is relatively small for both Pb and Cd.
The ratios of these three components differ markedly among the EMEP countries (Supplementary
Data Report [Ilyin et al., 2019]). For example, 79% of Cd deposition in Belgium comes from EMEP
anthropogenic sources. In contrast, non‐EMEP sources are the main contributor to Cd deposition in
Cyprus that makes up 53% of total deposition. About three fourth of this deposition are caused by
transport from desert areas of Africa and Asia. Sahara dust outbreaks are periodically recorded in
Cyprus [Nisantzi et al., 2015, Mamouri et al., 2016, Kezoudi et al., 2019, Achilleos et al., 2014].
Pollution levels in a country are produced by emission sources located both within the country
(national sources) and due to transboundary transport from other countries (foreign sources).
Contribution of foreign sources to total anthropogenic deposition of Pb and Cd in the EMEP countries
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ranges from about 20% to almost 99%, while the remaining part is caused by national emission
sources. The contribution of transboundary transport to Pb deposition exceeds 50% in 37 countries,
and exceeds 75% ‐ in 23 countries. For Cd deposition the corresponding values are 39 and 22
countries, respectively.
Countries act not only as receptors but also as sources of transboundary pollution. Pb and Cd emitted
by country’s sources deposit to own territories, to territories of other EMEP countries or outside the
EMEP region. Magnitude of total deposition from national sources of the EMEP countries to other
countries varies markedly depending on the country emission and geographical location. The highest
Pb total deposition to the EMEP countries are noted for Kazakhstan (about 490 tonnes), followed by
Poland (about 370 tonnes) and Russia (270 tonnes). Russia (80 tonnes), Ukraine (14 tonnes) and
Poland (12 tonnes) produce the largest Cd deposition to the EMEP countries.
Pollution deposition to other countries as a fraction to total deposition in the EMEP countries is
considered as a measure of transboundary export of pollution expressed in relative terms. For most
of counties this fraction for Pb and Cd varies widely from about 40% to almost 100%. High fraction
values typically take place for small countries (e.g., Monaco, Lichtenstein, Malta etc.) since almost all
Cd and Pb emissions deposit outside their territories. Relatively small values (11‐16%) were
estimated for Russia and Iceland. Most of Pb and Cd emitted in Russia deposits within vast territory
of this country and, hence, smaller part is deposited to neighbouring countries. In case of Iceland
major part of the metals emitted by its sources is deposited to surrounding water surface of the
Atlantic Ocean, and only minor part reaches territories of the EMEP countries. More detailed
information on source‐receptor relationships between the EMEP country in 2017 is available in
Supplementary Data Report [Ilyin et al., 2019] and at the MSC‐E website (www.msceast.org).
Obtained estimates of Pb and Cd deposition in the EMEP region for 2017 were compared with
previous estimates of the pollution levels for 2016. Since both studies use the same emissions
dataset for 2016, the factors causing changes in modelling results include variability of
meteorological conditions and updated model parameterisation of wind re‐suspension. Detailed
analysis of these factors and their effect on the modelling results is presented in Section 4.4. A brief
outcome from the analysis is given below.
Figure 3.7 illustrates changes in Cd deposition between 2016 and 2017. Most significant absolute
(Fig. 3.7a) and relative (Fig. 3.7b) differences are noted for the central and the western parts of the
Mediterranean region. Relatively high absolute changes (‐8 ‐ ‐3 g/km2/y) are seen over the eastern
part of Europe, whereas relative changes over this regions are around ‐30%. Significant positive
changes are noted for the Asian part of Russia, but absolute changes over this region are low (up to 3
g/km2/y). Relative changes of Cd deposition induced by meteorological variability lie within ±15%
range for majority of the EMEP countries. The highest decline between 2016 and 2017 noted for
Ireland (‐24%), Georgia (‐22%) and Azerbaijan (‐21%).
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a

b

Fig. 3.7. Absolute (a) and relative (b) changes of Cd deposition between 2016 and 2017

Changes of anthropogenic deposition in countries are accompanied by changes in relative
contribution of national sources and transboundary transport. For example, the contribution of
national sources to deposition of Cd in Ireland increased from 31% in 2016 to 40% in 2017 (Fig. 3.8a),
while the contribution of the British sources decreased from 30 to 22%. The contribution of Germany
remained around 10%. Changes expressed in absolute terms are shown in Fig. 3.8b. Deposition from
national sources remains the same (66 kg), but deposition from the British sources reduced almost
two‐fold (from 65 to 35 kg) and from the German sources – from 24 to 14 kg.
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Fig. 3.8. Relative (a) and absolute (b) contribution of main source countries to Cd deposition
in Ireland in 2016 and 2017

Variability of meteorological conditions results in changes of deposition to the EMEP countries
between 2016 and 2017 within ±15%. However, changes of transboundary contributions to
deposition in the counties can be much greater. Besides, the changes in particular parts of a country
can also differ markedly from the country‐mean changes.

3.2.3. Mercury
Mercury differs from other heavy metals (e.g. Pb or Cd) by complex chemical cycling of its
compounds in the atmosphere. The general character of the atmospheric dispersion of this pollutant
is governed by the properties of particular physical and chemical forms. Emissions of short‐lived
oxidized Hg species, which occur in both gaseous and particulate forms, determine atmospheric Hg
deposition in a country and transboundary pollution in the region. Whereas Hg emitted as long‐lived
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gaseous elemental Hg0, it contributes to the global atmospheric transport and can deposit to other
continents or travel around the globe and return back to the country. Mutual transformations of Hg
species in the atmosphere also affect deposition patterns.
Simulated spatial pattern of Hg concentration in the EMEP region in 2017 is shown in Fig. 3.9a. Long
residence time of Hg0 in the atmosphere leads to relatively even distribution of its air concentration
with insignificant spatial gradients. The concentration levels vary within ±20% from 1.3 ng/m3 in
remote areas of the Arctic and the Atlantic Ocean to 2 ng/m3 in industrial and urban areas of Central,
Southern and Eastern Europe. Simulated Hg0 levels well agree with measurements at the sites of the
EMEP monitoring network (Fig 3.9a). Deviation between the modelled and observed values does not
exceed ±15%. Somewhat higher discrepancies are obtained for sites located in Poland and Estonia,
which reported very low Hg0 concentrations (below 1.2 ng/m3). For more detailed evaluation of the
modelling results against observations see Supplementary Data Report [Ilyin et al., 2019].
Mercury deposition is largely determined by oxidised Hg forms both emitted and produced
chemically in the atmosphere. Therefore, the spatial pattern of Hg deposition is much more variable
and reflects the effect of various factors including spatial distribution of emissions, areas of intensive
atmospheric oxidation and precipitation pattern. Figure 3.9b shows spatial distribution of Hg net
deposition (total deposition minus re‐emission from snow and ice). This parameter is chosen instead
of total deposition to characterise input and accumulation of the pollutant in the ecosystems, since
significant amount of Hg deposited to snowpack is re‐emitted to the atmosphere. As seen Hg
deposition levels vary from a few g/km2/y in the Arctic, northern Scandinavia, northern Russia and
arid regions of Central Asia and Africa to more than 25‐50 g/km2/y in the Balkan countries, Central
and Eastern Europe (Fig. 3.9b). Countries with the highest average deposition fluxes include Bosnia
and Herzegovina, Slovakia, Liechtenstein, Poland, the Czech Republic, Montenegro and Slovenia (for
more information see Supplementary Data Report [Ilyin et al., 2019]). Elevated levels of Hg
deposition are also predicted in the high Arctic as a result of intensive Hg oxidation in springtime
during the Atmospheric Mercury Depletion Events (AMDEs).

a

b
0

Fig. 3.9. Spatial distribution of air concentration of Hg (a) and net Hg deposition flux in the EMEP region in
2017. Circles show observed values in the same colour scale
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The model performance in simulating Hg deposition can be partly evaluated by comparison of
modelled and measured wet deposition fluxes. The model evaluation against EMEP measurements
demonstrates satisfactory agreement of modelled and observed values with high spatial correlation
(0.81) and deviations being mostly within a factor of two (see Supplementary Data Report [Ilyin et al.,
2019]). However, the model tends to overestimate the observed values on average by 50%. This
inconsistency is presumably connected with uncertainties of speciation of Hg anthropogenic
emissions and incomplete knowledge on chemical transformations of Hg in the atmosphere. It should
be noted that speciation of Hg emissions is not among the obligatory parameters included to the
annual reporting by countries. Therefore, simplified expert estimates are used to prepare emission
data for modelling (Section 1.2.2). Atmospheric chemistry of Hg is still actively investigated by the
scientific community including identification of the major oxidation and reduction mechanisms,
reaction kinetics and products (Section 4.2).
As it was mentioned above Hg deposition depends on both the pollutant emissions and variety of
ambient meteorological parameters, which determine its dispersion in the atmosphere and removal
to the ground. Figure 3.10 illustrates changes of Hg deposition pattern between 2016 and 2017 due
to variability of meteorological parameters. Mercury deposition flux increased in temperate latitudes
of the EMEP region (Denmark, the Netherlands, Germany, Poland, Slovakia, the Baltic countries,
Russia), in the Northern Atlantic and the Arctic (the Barents Sea), over northern Africa. Deposition
decreased in northern Scandinavia, Northern Russia, the Mediterranean Region, and Central Asia.
These changes are largely caused by variation of the precipitation pattern (Section 3.1, Fig. 3.3),
which lead to appropriate altering of Hg wet removal from the atmosphere. Significant increase of Hg
deposition over the Barents Sea is caused by combination of two factors: lower air temperatures
(Section 3.1, Fig. 3.4), which are responsible for more intensive Hg oxidation during AMDEs, and
increased precipitation in this area.

a

b

Fig. 3.10. Absolute (a) and relative (b) changes of Hg net deposition between 2016 and 2017 due to variation of
meteorological parameters

Mercury deposition to each EMEP country consists of contribution of various source types including
national anthropogenic emissions of the country, transboundary transport from other EMEP
countries, secondary and natural emissions of the region, and contribution of Hg global atmospheric
circulation (Hg global pool) coming to the region across the boundaries. The share of these
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components varies from country to country. National emissions along with emissions of other EMEP
countries contribute on average 22% of Hg deposition in a country but this value varies from 1.7% for
Iceland to 48% for Poland (Fig. 3.11). Contribution of Hg secondary and natural sources is
insignificant and does not exceed a few percents. Emissions from these sources being in the Hg0 form
mostly contribute to the Hg global pool. In contrast, contribution of the Hg global pool is large and
averages 76% of Hg deposition (50‐97% in individual countries). However, it should be noted that the
contribution the Hg global pool includes also some fraction of Hg from the EMEP sources (both
anthropogenic and secondary/natural), which flew out through the boundaries, mixed up with other
sources and returned back to the region. The more comprehensive source apportionment on a global
scale demonstrates approximately equal contributions of regional sources and intercontinental
transport to Hg deposition in Europe [Ilyin et al., 2018].
As a part of transboundary pollution, the EMEP countries both receive Hg deposition from emission
sources of other countries (import) and contribute to pollution of other countries (export). Fig. 3.12
shows statistics of the import to export ratios for the EMEP countries with respect to their pollution
exchange with both other countries and the global pool. The median values for both categories are
close to the unity indicating that the countries are almost equally distributed among importers and
exporters of Hg pollution. The import/export ratio to/from the EMEP countries varies from 0.1‐0.2
for Monaco and Portugal to 15 for Iceland and 28 for Belarus. The import/export ratio with respect
to the Hg global pool varies from 0.05‐0.25 for Monaco and Belgium to 18 for Norway and Iceland.
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Fig. 3.11. Contribution of various source types to Hg
deposition in the EMEP countries. Bars show average
contribution over all countries, whiskers present the
range between minimum and maximum in individual
countries.
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Fig. 3.12. Import to export ratio of Hg atmospheric
transport for the EMEP countries. Bars show the
median ratio for all countries, whiskers present the
range between minimum and maximum for
individual countries.

Mercury emitted by national sources partly deposits within a country’s territory and partly
contributes to transboundary pollution of other countries and regions. Contribution of a country to
transboundary pollution depends on amount of national emissions, size and location of the country’s
territory. About 75% of Hg deposition in the EMEP countries is determined by major source countries
– Ukraine, Russia, Kazakhstan, Poland, Turkey, Germany, and Italy. For most of these countries Hg
deposition almost equally splits between deposition to own territory and territories of other
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countries. Exceptions are Russia and Turkey, for which deposition to own territory exceeds
contribution to transboundary transport by a factor of 6 and 2, respectively.
The effect of Hg transboundary transport on country pollution is characterised by relative
contribution of national and foreign anthropogenic sources to Hg deposition in the country. The
proportion of foreign sources varies from 15‐20% for Turkey, Portugal, Italy and the UK to more than
95% for Malta, Belarus, Monaco and Liechtenstein. Mercury deposition from foreign sources exceeds
deposition form national sources in 36 of 51 EMEP countries. Slovakia and the Czech Republic are
among countries with high Hg deposition fluxes, which significantly affected by transboundary
transport. On the other hand, high deposition levels in Bosnia and Herzegovina, Poland, Germany
and Ukraine are largely determined by national sources. More detailed information on
transboundary pollution for each EMEP country is available in Supplementary Data Report [Ilyin et
al., 2019].

3.2.4. PAHs
Polycyclic Aromatic Hydrocarbons (PAHs) represent a group of chemicals that naturally occur in the
environment and can be released to the atmosphere during incomplete combustion of fossil fuels
and biomass burning. Being emitted to the atmosphere, PAH undergo complex interactions with
other pollutants, including particulate matter and atmospheric reactants, and removal due to
chemical transformations, dry and wet deposition [Delgado‐Saborit et al., 2010; Ravindra et al.,
2007].
Assessment of PAH pollution in the EMEP countries for 2017 was made for the 4 PAHs, namely,
benzo(a)pyrene (B(a)P), benzo(b)fluoranthene (B(b)F), benzo(k)fluoranthene (B(k)F), and
indeno(1,2,3‐cd)pyrene (IP). Spatial distributions of annual mean modelled air concentrations of
B(a)P and the sum of 4 PAHs in 2017 are presented in Fig. 3.13. The model predictions are combined
on the maps with the values of observed air concentrations, reported by the EMEP monitoring
stations. In general, the modelling results are consistent with the geographical pattern of observed air
concentrations and reflect the main spatial gradients of PAHs in the EMEP region. In particular,
elevated levels of B(a)P concentrations are seen in the countries of Central and Eastern Europe, e.g. in
Poland, the Czech Republic, Hungary, northern Italy, as well as in some areas of Serbia, Spain,
Romania, Macedonia, Montenegro, Turkey, and Russia. In some of these countries estimates of B(a)P
air concentrations exceed air quality guidelines. More detailed information on the exceedances is
given in the Section 3.3.3. Low levels of B(a)P concentrations are simulated for the UK, France, the
Scandinavian countries, northern Russia, and the countries of Central Asia. Similar spatial distribution
of air concentrations is obtained for the sum of 4 PAHs. At the same time, the gradients of
concentrations are smoother and elevated levels of PAHs in the countries of Central and Eastern
Europe are less pronounced comparing to B(a)P.
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Fig. 3.13. Spatial distribution of the modelled and observed annual mean air concentrations of B(a)P (a) and of
the sum of 4 PAHs (b) in the EMEP domain for 2017, ng/m3

Comparison of modelling results with the data of EMEP measurements generally shows reasonable
agreement between modelled and observed concentrations. Co‐located measurements of 4 PAHs in
2017 were performed at 18 monitoring sites in 8 EMEP countries. The model tends to under‐predict
annual mean air concentrations of the sum of 4 PAHs with mean relative bias about ‐17% and spatial
correlation about 0.8. For almost 70% of selected monitoring sites the difference between the model
estimates and measurements is within a factor of 2. For several monitoring sites, located in France,
Finland, and Sweden, the differences between the model predictions and observed concentrations
exceeded a factor of 2, with the largest discrepancies (under‐prediction) for the monitoring sites in
France.
Verification of modelling results for individual PAH compounds against the EMEP measurements
indicates the under‐prediction of observed B(a)P, B(k)F, and IP air concentrations, and over‐prediction
of observed B(b)F concentrations. In particular, the largest mean bias is obtained for B(k)F (about ‐
40%), while for the other three PAHs discrepancies are about 20% or lower. Differences in model
performance for individual PAH compounds may be explained by several reasons including
uncertainties in the emission factors applied in national emission inventories for particular PAHs that
might not match the distribution of PAHs in actual emissions, as well as the uncertainties in physical‐
chemical properties used in the model parameterization for these compounds. The model captures
the spatial distribution of observed air concentrations of B(b)F, B(k)F, and IP with correlation
coefficient about 0.7 ‐ 0.8. At the same time spatial correlation between the model predictions and
measurements for B(a)P is slightly lower (0.6).
Model predictions of PAH pollution in the EMEP countries for 2017 were also analyzed using the
measurements of AIRBASE on the example of B(a)P. Observed annual mean air concentrations of
about 210 background rural and suburban monitoring sites, performed in 27 European countries,
were selected for the comparison. Amount of B(a)P measurements in the AIRBASE allows examining
the level of agreement between modelled and observed air concentrations for the particular
countries. Modelling results tend to under‐predict annual mean observed B(a)P air concentrations by
39% for the rural and suburban monitoring sites. The most significant under‐prediction is found for
the monitoring sites in Poland, Slovakia, Austria, and France. At the same time, the model tends to
over‐predict B(a)P concentrations observed in Belgium, the Netherlands, and Sweden. The modelling
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results reproduce the spatial distribution of observed B(a)P concentrations with correlation
coefficient 0.5. In particular, the modelled concentrations reasonably well correlate with the observed
pollution levels in Poland, Belgium, the Czech Republic, and Germany (with correlation coefficients
about 0.5‐0.8). At the same time, poor spatial correlation is found for Italy, Spain, France, the United
Kingdom, and Austria. Different performance of the model with respect to bias and spatial correlation
with observed concentrations for particular EMEP countries is most likely caused by several reasons
including the uncertainties in the reported anthropogenic PAH emissions and their spatial distribution
as well as possible uncertainties in model parameterizations used in the model simulations for PAHs.
More detailed evaluation of modelling results against the monitoring data of EMEP and AIRBASE is
given in Supplementary Data Report [Gusev et al., 2019].
Inter‐annual variations of PAH pollution levels in the EMEP region between 2016 and 2017 are shown
in Fig. 3.14 on the example of B(a)P annual mean air concentrations. The figure demonstrates the
influence of inter‐annual variability of meteorological conditions on the pollution levels, since
modelling for these two years was carried out using the same set of emission data for 2016. The
difference between B(a)P concentrations in 2017 and 2016 is shown in the figure both in relative and
absolute values. As seen from Fig. 3.14a variability of B(a)P pollution between these two years is not
significant. The largest changes in absolute values of concentrations are indicated for the central part
of Europe which corresponds to relative differences of about ±25%. Comparing to the year 2016,
increase of air concentrations in 2017 is estimated for the countries of Central and Eastern Europe, as
well as for Russia and countries of Central Asia. At the same time decreasing concentrations are
obtained for Western Europe.
The Fig. 3.14b demonstrates relative changes of B(a)P concentrations between the years 2016 and
2017. The most significant changes (about 50% or higher) are seen in the Northern Atlantic, Northern
Africa, and Southeast Asia. These differences can be explained by inter‐annual variability of
background conditions obtained using global model simulations. However, the effect of these
changes is likely not significant due to the low values of B(a)P concentrations in these areas.

a

b

Fig. 3.14. Absolute (a) and relative (b) changes of B(a)P air concentration between 2016 and 2017 due to inter‐
annual variation of meteorological conditions
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Relative differences of averaged annual mean B(a)P air concentrations in the EMEP countries
between 2016 and 2017 are shown in Fig. 3.15. For more than a half of the EMEP countries the levels
of B(a)P air pollution increased from 2016 to 2017. However, it can be seen that changes of
concentrations do not exceed 20%. The largest increase of B(a)P air concentrations (about 10‐20%) is
obtained for Central Asian countries (Tajikistan, Uzbekistan, Kyrgyzstan, and Turkmenistan) as well as
some European countries (Malta, Liechtenstein, Latvia, and Moldova). The most significant decrease
of the concentrations (10‐15%) is estimated for Ireland, the Netherlands, Luxembourg, and Slovenia.
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Fig. 3.15. Relative difference between annual mean average B(a)P air concentrations in the EMEP countries
simulated for 2017 and 2016, (C2017‐C2016)/C2016 (in %)

Long‐range transport and annual total deposition of 4 PAHs within the EMEP region is evaluated for
2017 for each of the selected 4 PAHs. Source apportionment of PAH pollution is estimated taking into
account contributions of anthropogenic emission sources of EMEP countries as well as contributions
of emission sources located outside the model domain. Influence of non‐EMEP emissions is taken into
account through the application of global scale modelling on the basis of inventory of global PAH
emissions developed by the research group of Peking University [Shen et al., 2013].
Assessment of PAH distribution in the EMEP domain indicates importance of the long‐range transport
of pollution between the EMEP countries. Atmospheric transport of PAHs from the emissions of a
particular country contributes to deposition over the country itself and deposition to the territories of
other countries. The fraction of PAHs, emitted in the particular EMEP country and deposited to other
EMEP countries is higher than the fraction, deposited to the country itself for 22 EMEP countries
(43% of the countries). According to model estimates the largest contributions to the transboundary
transport and deposition of PAHs in the EMEP region are made by the following countries with
relatively high emissions, namely, Ukraine, Poland, the Russian Federation, Czech Republic, Romania,
and Turkey.
Source apportionment of PAH deposition permits to compare estimates of the contribution of
emission sources, located beyond their territories (contribution of transboundary transport), with
contributions of their own national emissions to the pollution levels. In particular, for about a half of
the EMEP countries the contribution of transboundary transport exceeded that of their national
emissions. Model predictions of transboundary transport of pollution within the EMEP region provide
also estimates of the influence of non‐EMEP emission sources on the pollution in the EMEP countries.

51

The contribution of non‐EMEP emission sources is accounted for about 1 ‐ 10% with highest (30%)
contribution for Iceland. Detailed information on source apportionment of PAH deposition for
particular EMEP countries is available in the Supplementary Data Report [Gusev et al., 2019].

3.2.5. HCB, PCDD/Fs and PCBs
HCB, PCDD/Fs and PCBs are unintentional by‐products released into the environment during various
anthropogenic activities. Along with anthropogenic emissions, additional contribution to the levels of
pollution by these POPs can be made by the secondary emission sources, formed due to their long‐
term accumulation in and direct emissions to terrestrial and aquatic compartments. HCB, PCDD/Fs
and PCBs are characterized by significant persistence in the environmental media (e.g. soil, water
bodies) thus their presence in the environment long after the release pose risks to the ecosystems
and human health.
To characterize the spatial variability of HCB, PCDD/F, and PCB pollution levels within the EMEP
domain, analysis of model simulation results and measurement data of national monitoring networks
is carried out. Spatial distributions of annual mean modelled air concentrations of HCB, PCDD/F, and
PCB‐153 in 2017 are presented in Fig. 3.16. Elevated levels of PCDD/F annual mean air concentrations
(15‐50 fg TEQ/m3 and higher) are simulated for countries of Central Europe (Poland, Slovakia, and
Hungary) as well as for Romania, Northern Italy, Russia, and Turkey.

a

b

c
Fig. 3.16. Spatial distribution of modelled and observed annual mean air concentrations of PCDD/Fs (a),
PCB‐153 (b), and HCB (c) in the EMEP domain for 2017
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For PCB‐153 elevated annual mean air concentrations (0.6‐5 pg/m3 and higher) are indicated mostly
for the countries of Western and partly Southern Europe (e.g. Germany, France, Belgium, Italy). At
the same time Central and Northern Europe as well as the EECCA countries are characterized by
lower levels of concentrations. Model estimates of HCB annual mean air concentrations are generally
higher for the countries of Central, Southern, and Eastern Europe (about 25‐50 pg/m3). Other areas
of the EMEP domain are characterized by low levels of HCB air concentrations. Contrary to PCDD/Fs
and PCB‐153 levels of HCB air pollution are relatively more homogeneous indicating its higher
persistence in the atmosphere. Spatial distributions of annual deposition fluxes of HCB, PCDD/Fs, and
PCB‐153 are similar to that of air concentrations (see Supplementary Data Report [Gusev et al.,
2019]).
In general, modelling results on PCB‐153 for 2017 are consistent with measured pollution levels in
the countries of Northern and Central Europe. Model estimates reasonably capture spatial gradients
of PCB‐153 concentrations observed at 11 EMEP monitoring sites in Czech Republic, Germany,
Finland, Iceland, Norway, and Sweden with correlation coefficient about 0.8. For more than a half of
monitoring sites the difference between measured and modelled concentrations is about or below a
factor of 2. The most significant deviations, about a factor of 3‐4, are found for three monitoring
sites, namely, IS0091, NO0042, and NO0090.
The spatial pattern of observed HCB concentrations at 9 EMEP monitoring sites in Czech Republic,
Denmark, Iceland, and Norway is characterized by noticeable variability of pollution levels with
relatively high concentrations in the Arctic and in Central Europe (about 60‐80 pg m‐3) which are not
well captured by the model. There is a general tendency of under‐prediction of observed HCB
concentrations in modelling results with mean bias about ‐50%. Similar deviations of model
predictions from measured HCB air concentrations were also mentioned in the previous Status
Report [Gusev et al., 2018].
The under‐prediction of observed HCB concentrations by the model and poor spatial correlation may
indicate the influence of uncertainties in the officially reported emission data, in particular,
inconsistencies in the methodologies and emission factors applied in the national inventories
reported by the EMEP countries discussed in [Gusev et al., 2018]. Besides, it can be attributed to
possible underestimation of HCB long‐range transport from the regions outside the EMEP domain in
global model simulations due to underestimated emissions. Finally, the differences between the
modelled and measured concentrations can be influenced by the uncertainties of the model
parameterizations for HCB degradation and air‐surface exchange. These uncertainties can lead to
underestimation of its accumulation in the surface compartments and magnitude of secondary
emission fluxes. To improve results of model assessment of HCB pollution specific research activities
are planned that include refinement of GLEMOS model parameterizations related to soil
compartment, scenario modelling of HCB accumulation in media and secondary emissions, and
evaluation of modelling results using measurement data of HCB passive sampling campaign (see
Section 4.3.2).
Monitoring of PCDD/F air concentrations in 2017 was carried out at two EMEP sites SE0012 and
SE0014 for several months, namely, March, June, September and December. Seasonal variations of
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measured and calculated air concentrations in general correspond to each other at both sites. At the
same time, model predictions for 2017 are generally higher than measured PCDD/F air concentrations
about a factor of 2‐3. Analysis of measurement data shows that observed PCDD/F pollution levels in
2017 are noticeably lower comparing to the measurements for 2016. The difference in measured
concentrations for 2016 and 2017 can be explained, in particular, by changes in emissions of PCDD/Fs
in the considered years. However, this decrease of concentrations is not reflected by the model which
can be attributed to the use of emission data for 2016 in model simulations for 2017. Thus further
analysis of PCDD/F pollution levels is required using updated modelling results calculated with the
emission data for 2017.
Similar to other pollutants considered above, year‐to‐year variations of HCB, PCDD/Fs, and PCB‐153
between 2016 and 2017 were not significant. Difference between the annual mean concentrations
for 2016 and 2017 is shown in Fig. 3.17 on the example of PCB‐153. Model simulations for the two
years were carried out using the same set of emission data for 2016. Thus, the figure demonstrates
the effect of inter‐annual variability of meteorological characteristics on calculated levels of
concentrations. The most significant changes in absolute values of concentrations are seen for the
countries of Western and Central Europe which are accounted for about ±25% or lower. In particular,
increased air concentrations in 2017 are estimated for some areas in the countries of Central and
Eastern Europe, as well as for Russia and countries of Central Asia. At the same time model estimates
showed decreased concentrations in some areas of Western and Southern Europe as well as in the
European part of Russia.

a

b

Fig. 3.17. Spatial distribution of the difference between annual mean air concentrations of PCB‐153 simulated
for 2017 and 2016 in absolute values, C2017‐C2016 (a) and in relative values (C2017‐C2016)/C2016 in % (b)

Relative differences between PCB‐153 air concentrations in 2017 and 2016 are shown in Fig. 3.17b.
The most significant relative increase of concentrations (about 50% or higher) is seen along the
western boundary of the domain due to changes of background conditions. At the same time,
decrease of concentrations (about 25‐50%) is estimated for the Scandinavian countries and the
northern part of Russia which can be explained by inter‐annual variability of meteorological
conditions.
Source apportionment of PCDD/F, PCB‐153, and HCB pollution in the EMEP countries is made
accounting for contributions of primary anthropogenic, secondary, and non‐EMEP emissions. The
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largest contribution of contemporary EMEP anthropogenic emissions is estimated for PCDD/Fs (39%),
followed by PCB‐153 (26%), and HCB (1%) (Fig. 3.18). Secondary emission sources of PCDD/Fs, PCB‐
153, and HCB contributed to deposition in the EMEP countries about 50% ‐ 70%. The contribution of
non‐EMEP emission sources is about 8% for PCDD/Fs, 6% for PCB‐153, and about 30% for HCB.
It is seen that for PCDD/Fs and PCB‐153
distribution between the three considered
source categories is quite similar. In case of
HCB contributions of anthropogenic EMEP
emission sources in 2017 is significantly
lower (about 2%) whereas contributions of
secondary
sources
(formed
by
anthropogenic emissions of previous years)
and non‐EMEP emission sources are close
to 70% and 30%, respectively. Low
contribution of HCB, emitted from EMEP
anthropogenic sources in 2017, can be
conditioned by possible underestimation of
HCB emissions officially reported by
countries.
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Fig. 3.18. Contributions of three source groups
(anthropogenic EMEP, non‐EMEP and secondary emission
sources) to deposition over the EMEP countries in 2017
for PCDD/Fs, PCB‐153, and HCB. Whiskers denote the
range of contributions across the EMEP countries

Model evaluation of HCB, PCDD/F, and PCB‐153 distribution in the EMEP domain indicates that long‐
range transport between the EMEP countries is an important source of pollution. POP emissions
from the national sources of a given country undergo atmospheric transport and deposition as to the
territory of a country itself and partly to the territories of other countries. The largest fraction of
emissions contributed to deposition due to transboundary transport is estimated for HCB. For 26
countries of 51 (51% of the countries) the fraction of HCB, deposited to other EMEP countries is
higher than the fraction, deposited to the country itself. For PCDD/Fs and PCB‐153 similar estimates
are lower accounting for 16 (31%) and 15 (29%) countries, respectively. Contributions of
transboundary transport to the pollution levels in the EMEP countries can be compared with the
contributions of their own national emission sources. Deposition due to transboundary transport is
higher than the deposition from their national emissions in 38 of 51 countries for HCB, in 32
countries for PCB‐153, and in 22 countries for PCDD/Fs. More detailed information on transboundary
pollution for each EMEP country is available in Supplementary Data Report [Gusev et al., 2019].

3.2.6. Country‐specific information
Dissemination of the assessment results and other relevant information aimed at support of political
decisions is of high importance. Annual reports containing current status of heavy metals and POPs
pollution within the EMEP region are supplemented by presentation of information on the web. It
provides more flexible and targeted assistance to national experts and authorities with data required
for the environment protection regulations.
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Detailed information on heavy metals and POPs pollution is given for each individual EMEP country.
This country‐specific information includes variety of data on the model assessment for particular
country collected in one place to make easier access to information and its analysis by national
experts. Information is presented in the form of diagrams, maps and data files for all the EMEP
countries at the MSC‐E website (http://en.msceast.org/index.php/pollution‐assessment/emep‐
countries‐menu). In addition, the country‐specific information for the EECCA countries is also
available in Russian language (http://www.ru.msceast.org/index.php/pollution‐assessment/eecca‐
countries‐menu).
Country‐specific information includes the following elements:
•

Spatial distribution of pollution levels and their long‐term changes;

•

Transboundary pollution of a country;

•

Contribution of national sources to transboundary transport;

•

Pollutant (POPs) concentrations in other media (soil and vegetation)

•

Ecosystem‐specific deposition (17 land cover categories).

Detailed information on transboundary pollution of individual countries includes maps of total
deposition flux to a country’s territory (Fig. 3.19a) and relative contributions of foreign sources to
anthropogenic deposition (Fig. 3.19b). Besides, source apportionment of anthropogenic deposition
to the country’s territory is presented (Fig. 3.19c). Each country contributes to atmospheric pollution
of other EMEP countries. Spatial distribution of deposition caused by country’s sources is available
for the entire EMEP region. Besides, country’s total deposition to main receptor regions and its
fraction of deposition within the EMEP region are indicated (Fig. 3.19d).

a

b

c

d

Fig. 3.19. Characteristics of transboundary transport of Pb to France: (a) –deposition map, (b) – relative
contributions of foreign sources; (c) – main contributors to anthropogenic deposition in the country; (d) main
receptors of deposition from the country.
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Detailed information on source‐receptor relationships between all EMEP countries is also available
in the database at the website along with other data on HM and POP pollution of the EMEP domain
(http://en.msceast.org/index.php/pollution‐assessment/emep‐domain‐menu/data‐hm‐pop‐menu).

3.3. Additional information products
Model assessment provides valuable information on air concentration and deposition fluxes of heavy
metals and POPs as well as the source‐receptor relationships within the scope of the EMEP domain
to facilitate the policy making process within the LRTAP Convention (Section 1.4). Variety of
additional information can be produced to support heavy metal and POP pollution assessment both
within the Convention and in other international bodies. It includes evaluation of ecosystem‐specific
deposition, atmospheric loads to major regional watersheds, marginal seas and remote regions (the
Arctic), estimates of air quality standards exceedances, and pollution assessment on a global scale.

3.3.1. Ecosystem‐specific deposition
Evaluation of adverse effects of heavy metal and POP pollution on human health and ecosystems is
among the priority tasks within the LRTAP Convention. To support the effects assessment MSC‐E
performs regular estimates of ecosystem‐specific deposition of heavy metals to various types of land
cover (forests, shrubs, grasslands, crops, water bodies, etc.) within the EMEP region. This information
is used by the effects community (Working Group on Effects) for evaluation of critical load
exceedances [de Vries et al., 2015a,b]. Information on deposition of Pb, Cd and Hg to 17 types of
ecosystems in the EMEP countries is available at the MSC‐E website [www.msceast.org] (see also
Section 1.4.6 and Supplementary Data Report [Ilyin et al., 2019]). Similar information on deposition
of POPs will be available later.
Deposition fluxes vary significantly for different land cover types. For example, the highest fluxes of
Hg are calculated for forested areas, varying from 17 g/km2/y for deciduous broadleaf forests to
almost 20 g/km2/y for evergreen needleleaf forests (Fig. 3.20). The lowest deposition is estimated for
water surfaces (8.4 g/km2/y). Deposition flux to bare lands and areas with low vegetation is around
10‐12 g/km2/y, and deposition to urban areas is about 13 g/km2/y. However, the maximum values of
deposition relate to urban areas. It means that in some counties Hg deposition to urban land cover
exceeds deposition to forests due to proximity of emission sources.
Spatial distribution of Cd deposition fluxes to croplands and forests (averaged over five forest types)
in 2017 is shown in Fig. 3.21. Cadmium deposition flux to cropland surfaces varies from around 5
g/km2/y in Scandinavia to about 50‐100 g/km2/y in the central part of Europe. However, it should be
noted that atmospheric deposition is not the only source of cadmium in soils. Application of Cd‐
containing fertilizers could contribute similar or even higher mass of Cd to agricultural soils in Europe
[Six and Smolders, 2014]. Deposition flux to forests is on average higher by a factor of 2 than
deposition to croplands (Fig. 3.21b).
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Fig. 3.20. Deposition of Hg to various ecosystem types within the EMEP domain in 2017. Bars show average
value for all EMEP countries; whiskers present range deposition flux variation among the EMEP countries
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Fig. 3.21. Annual deposition flux of Cd to croplands (a) and forests (b) in 2017

It should be noted that the adverse effects assessment requires updated estimates of critical loads
for heavy metals (and POPs). The most recent estimates available within the Convention relate to
2010 and cannot reflect the current pollution state [de Wit et al, 2015]. Therefore, more efforts of
the effect community on evaluation of critical loads for heavy metals and POPs are needed.

3.3.2. Heavy metal and POP deposition to watersheds
Aquatic ecosystems are among the most vulnerable receptors of heavy metals and POP pollution,
which undergo long‐term accumulation and bio‐magnification of the contaminants. In many cases,
direct atmospheric deposition to the water surface cannot completely characterize contamination of
the water body due to additional input of the pollution with ground and surface water run‐off from
the adjacent territory. Therefore, evaluation of deposition to the entire watershed can provide more
relevant information for assessment of the full pollution budget of the aquatic ecosystem.
Figure 3.22 shows spatial distribution of Hg deposition fluxes in the EMEP region and average Hg
deposition in major regional watersheds. As seen the most loaded are watersheds of Central and
Southern Europe as well as Turkey with the largest atmospheric deposition (above 20 g/km2/y) to the
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the Vistula and Oder rivers in Central Europe. In contrast, the watersheds of the Ugra and Oka rivers
located in Russia are the most significantly affected by Cd deposition. Rivers whose watersheds also
receive large deposition include Haliacmon, Adige, and Nestos for Hg; Vistula, Simav, and Meuse for
Cd; Narew, Elbe, and Bug for B(a)P. In general, difference between the average values of Hg
deposition to various watersheds is smaller than those of Cd and B(a)P due to considerable
contribution of global sources to Hg pollution, which levels the deposition pattern in the region.
Similar information is available for watershed‐specific deposition of other heavy metals and POPs as
well.
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Fig. 3.24. Average deposition flux of Hg (a), Cd (b) and B(a)P (c) to watersheds of rivers in Europe and Central
Asia with significant atmospheric load of heavy metals in 2017

3.3.3. Air pollution by PAHs: exceedances of air quality standards
Polycyclic Aromatic Hydrocarbons (PAHs) represent a group of semi‐volatile organic compounds that
are released into the environment mainly due to incomplete combustion processes of organic
materials (e.g. biomass combustion, vehicular emissions). Some of the PAHs (e.g. Benzo(a)pyrene,
B(a)P) are characterized by toxic properties and are considered as carcinogens, mutagens, and
teratogens [Theakston, 2000]. In particular, B(a)P has been included in the list of carcinogens of
category 1 by the International Agency for Research on Cancer (IARC) and has been classified as CMR
10

substance (carcinogen, mutagen and reproductive toxicant) of category 1B as well as aquatic
toxicant of category 1. Taking into account possible risks for human health, the target value for B(a)P

10

Regulation (EC) No 1272/2008 of the European Parliament and of the Council of 16 December 2008 on the
Classification, Labelling and Packaging of substances and mixtures, amending and repealing Directives 67/548/EEC and
1999/45/EC, and amending Regulation (EC) No 1907/2006.
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annual mean air concentrations equal to 1 ng/m3 was set up by the European Union Ambient Air
Quality Directive [EU, 2004]. Similar target level for B(a)P was also introduced as an air quality
standard in a number of other countries of the EMEP domain (e.g. in the EECCA countries). Besides,
the reference level of 0.12 ng/m3 for B(a)P was defined by World Health Organization (WHO) as a
level of air concentrations corresponding to the excess lifetime cancer risk level of 10–5 [Theakston,
2000].
Air pollution by toxic PAHs is recognized as a serious problem in areas of some of the EMEP countries
[EEA, 2018]. Results of the model simulations for 2017 indicate high levels of annual mean B(a)P air
concentrations, exceeding the EU target value (1 ng/m3), in Turkey, Italy, Poland, Germany, Spain, the
Czech Republic, Portugal, Greece, Hungary, Serbia, and Bulgaria (see Fig. 3.13a). Areas of high
concentrations (above the EU target value) are also noted for some of the EECCA countries including
Ukraine, the Russian Federation, Kyrgyzstan, Belarus, Georgia, and Armenia. However, these
estimates are subject of higher uncertainties due to incompleteness of emission data for this part of
EMEP region (see Chapter 1).
According to the modelling results, about 12% of total population of the EMEP countries in 2017 lived
in areas with exceeded EU target level for annual mean B(a)P air concentrations (Fig. 3.25a). It can be
seen that most of these exceedances took place for the population of urban areas.
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Fig. 3.25. Percentage of urban and rural population of the EMEP countries in the areas with annual mean B(a)P
air concentrations in 2017 above the EU limit values (EU target value for B(a)P – 1.0 ng/m3, UAT – 0.6 ng/m3,
LAT – 0.4 ng/m3), and WHO reference level 0.12 ng/m3 (a) and population of selected EMEP countries in the
areas with annual mean B(a)P air concentrations above the EU target value 1.0 ng/m3 (b)
11

The upper assessment thresholds (UAT) and lower assessment thresholds (LAT) values were
exceeded in the areas with 24% and 36% of population, respectively. In case of the WHO reference
level for B(a)P, equal to 0.12 ng/m3, only about 25% of population in the EMEP countries were in the
conditions of the annual mean air concentrations below the reference level. Modelling results can be
used to characterize exceedances of B(a)P limits in individual countries. Figure 3.25b shows estimates
of population amount of selected EMEP countries living in areas with annual mean air concentrations

11

Directive 2004/107/EC of the European Parliament and of the Council of 15 December 2004
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low annual precipitation. Due to the same reason mercury deposition flux to the Caspian Sea is also
the lowest (2.5 g/km2/y) compared to the fluxes to other seas (Fig. 3.27b). The highest Hg deposition
flux is noted for the North Sea (8.1 g/km2/y).
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Fig. 3.27. Average deposition flux of B(a)P (a) and Hg (b) to marginal seas of the EMEP region in 2017

Source apportionment of heavy metal and POP deposition differs for both different pollutants and
seas. Contribution of the EMEP anthropogenic sources to total deposition of Cd varies from 15% over
the Caspian Sea to 67% over the Baltic Sea (Fig. 3.28a). Contribution of Cd secondary sources is the
largest over the Caspian (70%) and smallest over the Black and Baltic Seas (30%). Non‐EMEP sources
significantly affect Cd deposition over the Mediterranean Sea (35%). In contrast, anthropogenic
deposition of PCDD/Fs is the largest over the Caspian and Black Seas (50%) and the smallest over the
North Sea (30%). The North Sea is considerably affected by PCDD/Fs deposition from non‐EMEP
sources (22%).
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Fig. 3.28. Relative contribution of various source types to deposition of Cd (a) and PCDD/Fs (b) to the marginal
seas of the EMEP region in 2017

Atmospheric transport of the considered pollutants from various source types also determines spatial
patterns of deposition over the sea reservoirs. For example, prevailing contribution of direct
anthropogenic sources results in increasing gradient of B(a)P deposition towards the coast of
Denmark, Germany and the Netherlands over the North Sea (Fig. 3.29a). The lowest fluxes take place
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far from the coast in the northern part of the sea. In contrast, mercury deposition over the sea is
affected by both spatial distribution of anthropogenic emissions and atmospheric oxidation
chemistry, which converts long‐lived Hg0 to readily removed oxidized Hg forms. Besides, spatial
distribution of atmospheric precipitation also affects Hg deposition. As a result, the highest Hg
deposition flux is noted in the western coast of Norway and in the northern part of the North Sea
(Fig. 3.29b). The lowest levels take place along the north‐eastern coasts of the United Kingdom.

a

b

Fig. 3.29. Total deposition of B(a)P (a) and Hg (b) over the North Sea in 2017

3.3.5. Pollution of the Arctic
Following the agreement between the Convention and AMAP reached at the joint meeting held in
Potsdam, Germany in 2016, MSC‐E continued cooperation with AMAP in the field of analysis and
assessment of heavy metal pollution in the Arctic region. Atmospheric deposition of heavy metals
(Pb, Cd, Hg) and POPs (PAHs, PCDD/Fs, HCB, PCBs) were calculated to the Arctic within the scope of
the EMEP domain. Besides, source‐receptor relationships of the pollution in the Arctic were
established for each of the considered pollutant.
The modelling results show that deposition fluxes of heavy metals and POPs to the Arctic are
relatively low in comparison with the fluxes to other parts of the EMEP domain. It is explained by the
remoteness of the Arctic from main emission sources. Besides, most part of the Arctic is
characterized by relatively low annual precipitation sums compared to temperate regions of Europe.
For example, deposition fluxes of Pb in 2017 vary from about 50 g/km2/y in Greenland, Spitsbergen
and Franz‐Josef Land to about 300 g/km2/y in some coastal regions of Norway and Iceland (Fig. 3.30).
Relatively high deposition fluxes in Norway and Iceland are caused by high precipitation amounts
(Fig. 3.3) combined with significant contribution of secondary sources, namely re‐suspension of Pb
with marine aerosol from the sea surface. Similar spatial distribution is predicted for Cd. In contrast,
relatively high Hg deposition takes place over wide areas of the Northern Atlantic and the Arctic
Ocean because of atmospheric mercury depletion evens (AMDEs). However, it should be also taken
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into account that major part of Hg deposited due to AMDE to ice or snow, is reduced and reemitted
back to the atmosphere.
Spatial distribution of B(a)P deposition differs from that of heavy metals. First of all, a number of hot
spots of B(a)P deposition takes place in the Russian part of the Arctic. These hot spots are explained
by significant local emission sources in the Arctic. The second difference is that the increment of
deposition fluxes along the coasts of Norway and Iceland is not as large as that of heavy metals due
to less effective scavenging by precipitation. Besides, secondary emissions of B(a)P from the sea
surface is less significant.

a

b

Fig. 3.30. Total deposition fluxes of Pb (a) and B(a)P (b) to the Arctic (within the EMEP domain) in 2017.
Dark line denotes the border of the Arctic region adopted by AMAP

Deposition of heavy metals and POPs to the Arctic is caused by three groups of sources. The first
group includes anthropogenic emissions of the EMEP countries. The second group covers secondary
(historical) and natural sources. It means re‐suspension of dust particles containing the pollutants
(Pb, Cd) or re‐volatilisation of substances (Hg, POPs) previously deposited from anthropogenic
sources and accumulated in environmental media (soils, waters etc). Besides, in case of heavy
metals, these sources also include natural component. The third group considers sources
(anthropogenic and secondary) located outside the EMEP region but affecting the Arctic through
intercontinental transport (non‐EMEP sources).
Secondary sources (re‐suspension from the sea surface) are the largest contributor to deposition of
Pb in the Arctic, which input amounts to 54% of total deposition (Fig. 3.31). Main anthropogenic
sources of Pb are located in the central, southern and south‐eastern parts of Europe, while emissions
in the Arctic are commonly low (Section 1.2, Fig. 1.10a). EMEP anthropogenic sources are dominant
in pollution of the Arctic by Cd and B(a)P. Their contributions amount to 57% and 74%, respectively.
Contributions of anthropogenic and secondary sources are comparable for PCDD/F deposition to the
Arctic (31% and 41%, respectively). Contribution of non‐EMEP sources is relatively small (from 4% to
20%) for considered pollutants except for Hg and PCDD/Fs. It contributes about 30% of PCDD/F
deposition and up to 95% of Hg deposition to the Arctic. However, it should be noted that Hg emitted
by the EMEP sources can leave the EMEP region getting involved into global scale transport and then
enters the EMEP region as a part of the ‘non‐EMEP sources’. Therefore, the non‐EMEP component of
Hg deposition in fact includes considerable part of Hg emitted by EMEP sources.
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Fig. 3.31. Relative contributions of the EMEP anthropogenic, secondary and non‐EMEP sources to deposition in
the Arctic (within EMEP domain) in 2017

Contribution of particular countries to heavy metal and POP deposition to the Arctic depends on
various factors such as proximity of a country to the receptor region, magnitude of national
emissions of the country, patterns of atmospheric circulation, peculiarities of physical and chemical
properties of the considered pollutants etc. For the considered heavy metals Russia and Kazakhstan
are the main source countries of anthropogenic pollution in the Arctic. Contribution of Russian
sources to the Arctic deposition ranges from 43% (Pb) to 84% (Cd) (Fig. 3.32). Kazakhstan contributes
3% of Cd, 11% of Hg and 22% of Pb to deposition in the Arctic. Russia is also the largest contributor of
POPs to the Arctic atmospheric pollution. It makes around 70% of total B(a)P and PCDD/F deposition
to the region. Other significant contributors include Poland and Scandinavian countries for B(a)P; and
Turkey and Ukraine for PCDD/Fs.
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Fig. 3.32. Source apportionment of heavy metal and POP anthropogenic deposition to the Arctic
(within the EMEP domain) in 2017
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4.

RESEARCH ACTIVITIES

Research activities of MSC‐E were carried out in accordance with the priorities of the long‐term
strategy for the Convention and were aimed at improvement of the pollution assessment quality and
further development of the modelling tools. The main directions of the research included country‐
scale pollution assessments for B(a)P (France) and heavy metals (Germany), analysis of key emission
sources and trends of B(a)P pollution, evaluation of a new mechanism of Hg photo‐reduction in the
atmosphere, and further development of the multi‐media approach for POPs and Hg.

4.1. Country‐scale pollution assessment
A series of country‐scale studies of heavy metal and POP pollution in selected EMEP countries has
been performed by MSC‐E in close co‐operation with national experts [Travnikov et al., 2018]. This
activity is aimed at the analysis of uncertainties in the information on pollution levels and further
improvement of modelling approach for the assessment of pollution in the EMEP region. This year
the study for B(a)P has been continued both on regional and national scales analyzing major
processes responsible for cycling of the pollutant in the environment. Besides, a new study has been
initiated for Germany that will include detailed assessment of Hg, Pb and Cd pollution in the country
during the period 2014‐2016.

4.1.1. B(a)P pollution at regional and national scales
The B(a)P case study was initiated in 2017 following the recommendation of the 2nd joint session of
the Working Group on Effects and the Steering Body to EMEP. The outcome of previous stages of this
study is described in the POP Status Reports [Gusev et al., 2017; 2018]. It comprises evaluation of
sensitivity of model predictions to the uncertainties in the reported emission data using scenario
modelling. Current stage of the study is focused on the analysis of modelling approach applied for
B(a)P and evaluation of alternative approaches to describe most important processes. In particular,
different model parameterizations for the evaluation of B(a)P degradation and gas‐particle
partitioning are tested. Model simulations are performed using the GLEMOS model and the CHIMERE
model [Menut et al., 2013]. Analysis of modelling results is carried out in close cooperation with
national experts in B(a)P modelling from France and Spain. In this section summary of current
progress in the case study activities is presented.
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Emission data for modelling
Modelling of B(a)P pollution levels is carried out for the
domain EU02 with spatial resolution 0.2°x0.2° (Fig. 4.1).
Similar to previous stage of the case study the year 2015
is selected as a reference year for model simulations.
Gridded emission data for B(a)P modelling were prepared
on the basis of national emission inventories of Spain and
France, defined on the basis of SNAP sectoral distribution.
For other EMEP countries, within the geographical scope
the EU02 modelling domain, annual emissions prepared
by CEIP with spatial resolution 0.1°x0.1° were applied. To
Fig. 4.1. Spatial configuration of the EU02
compile consistent emission dataset for modelling,
modelling domain (0.2°x0.2°)
gridded data of CEIP, defined for the NFR sectors, were
transformed to the SNAP sectors. Seasonal variations of B(a)P anthropogenic emissions for the
GLEMOS model were generated for each emission source sector using monthly temporal factors,
based on the TNO estimates of the MACC project [Denier van der Gon et al., 2011a]. Temporal
disaggregation of emissions in the CHIMERE model was done according to temporal factors of the
GENEMIS project [Ebel et al., 1997] defined for individual countries.

Model parameterizations of B(a)P processes
The most important processes, affecting B(a)P pollution levels in the atmosphere, include gas‐particle
partitioning and degradation due to the influence of atmospheric reactants. Additional effect on
B(a)P air concentrations can have dry/wet deposition and air‐surface gaseous exchange. The
interaction of B(a)P with various components of aerosol particles including organic and inorganic sub‐
fractions as well as heterogeneous reactions of particle‐bound B(a)P with ozone is associated with
significant uncertainties due to complexity and incomplete knowledge of these processes. Brief
overview of available approaches, developed for the description of gas‐particle partitioning and
degradation processes in the air quality models, is given below.
Partitioning of B(a)P between the gaseous and particle bound phases in the atmosphere comprises a
combination of its absorption by organic matter, aerosol water and adsorption to black carbon and
mineral part of the aerosol particles [Lohmann and Lammel, 2004; Keyte et al., 2013]. The process of
partitioning depends on several factors, e.g. meteorological conditions, chemical composition of
aerosol particles, and content of atmospheric reactants, as well as their spatial and temporal
variations.
A number of approaches to describe partitioning of semi‐volatile PAH compounds between the
gaseous and particulate phases were developed and used to evaluate their long‐range transport and
air pollution levels. Earlier approaches include Junge‐Pankow scheme based on adsorption of POPs
onto the surface of aerosol particles [Junge, 1977; Pankow, 1987] and organic matter absorption
scheme based on octanol‐air partitioning coefficient [Finizio et al., 1997; Harner and Bidleman, 1998].
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Later on more complex approaches were elaborated which took into account chemical composition
of aerosol particles and more detailed description of interaction between gaseous and sorbed phases
of POPs. In particular, a parameterization based on combination of two processes, absorption by
organic matter and adsorption to black carbon, was developed for the evaluation of PAH long‐range
transport [Dachs and Eisenreich, 2000; Lohmann and Lammel, 2004].
Another approach is based on the poly‐parameter linear free energy relationships (ppLFER) [Goss and
Schwarzenbach, 2001; Shahpoury et al., 2016]. The ppLFER parameterization assumes adsorption of
PAHs onto the surface of aerosol particles and absorption by inorganic and different organic matter
sub‐fractions of particulate matter. Evaluation of the latter two approaches showed in general better
agreement of modelling results with measurements [Efstathiou et al., 2016; Shahpoury et al., 2016].
Degradation of B(a)P in the atmosphere can occur both in gaseous and particulate phase. In gaseous
phase it can react with hydroxyl radical (OH), NO3 and O3. The latter two reactants are generally less
effective comparing to the reactions with OH radical. However, the reactions with NO3 can
significantly contribute to the degradation of B(a)P in the atmosphere during the night‐time [Keyte et
al., 2013].
Another important pathway of degradation is heterogeneous reactions of B(a)P in particulate phase
with ozone. The rate of B(a)P degradation on various components of aerosol particles, namely organic
matter, black carbon, aerosol water, and mineral fraction, is different and depends also on the air
temperature and humidity. To describe multi‐phase B(a)P degradation in the atmosphere a new
kinetic multi‐layer scheme ROI‐T was recently developed and used in regional and global model
simulations [Mu et al., 2018]. The new scheme considers decomposition of ozone at aerosol surface
to reactive oxygen intermediates (ROIs) and their reactions with B(a)P in surface and bulk layers of
particles taking into account the effects of temperature and humidity. Model simulations of B(a)P
long‐range transport with the ROI‐T scheme showed importance of considering B(a)P multi‐phase
degradation accounting for temperature/humidity variations.
To explore sensitivity of modelling results to changing of the model parameterizations three
processes were selected, namely, gas‐particle partitioning, degradation, and air‐surface exchange.
The following model parameterizations were chosen for testing: dual absorption/adsorption scheme
for gas‐particle partitioning process, and ROI‐T multi‐phase scheme for degradation process. The
ppLFER scheme is planned to be tested on subsequent stage of this work. In addition, the effect of
inclusion of air‐surface gaseous exchange parameterization on modelling results is considered.

Setup of model simulations
Parameterizations of most of the processes, governing B(a)P transport and fate in the atmosphere,
are based on similar approaches in the GLEMOS and CHIMERE models. In particular, dry deposition
and removal of B(a)P from the atmosphere with precipitation are described similarly. Both models
include description of air‐surface gaseous exchange for B(a)P. In case of the CHIMERE model, gaseous
exchange with the soil compartment only is considered, while in the GLEMOS model soil, vegetation,
seawater, and freshwater compartments are included. Similar parameterizations of B(a)P degradation
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in the gas‐phase due to reactions with OH radical are used in the models. For B(a)P degradation in
particulate phase, parameterization of heterogeneous reactions with O3 without taking into account
dependence on temperature and humidity variations is applied. For the latter degradation pathway
different degradation rates of B(a)P, sorbed on the organic matter and black carbon, are used in the
GLEMOS model, while the same rate is defined in the CHIMERE for both particulate fractions of B(a)P.
At the same time, different parameterizations of gas‐particle partitioning process in the models are
applied. In the CHIMERE model the Secondary Organic Aerosol Processor (SOAP) is used to describe
formation of organic aerosol particles as well as partitioning of organic compounds between the gas
and particle phases [Couvidat and Sartelet, 2015]. Description of the gas‐particle partitioning in the
GLEMOS model is based on combined approach using absorption into organic matter of atmospheric
aerosol [Harner and Bidleman, 1998] and adsorption to black/elemental carbon according to [Van
Noort, 2003].
The list of test model simulations performed by the GLEMOS and CHIMERE models is presented in
Table 4.1. The reference case simulation assumes the use of native GLEMOS and CHIMERE model
configurations without taking into account air‐surface gaseous exchange. For each of the selected
processes specific model simulation is performed with alternative parameterization. In addition, a
model run with combined changes of gas‐particle partitioning and degradation schemes as well as air‐
surface exchange is carried out.

Table 4.1. Test model simulations to explore sensitivity of the modelling results to the inclusion or changing of
the model parameterizations for gas‐particle partitioning, degradation, and air‐soil exchange of B(a)P
Test simulation
Reference model run

Description
Model run with excluded gaseous exchange with soil

Gas‐particle partitioning

Model run with dual OM&BC gas‐particle partitioning scheme according to
[Mu et al., 2018]

Air‐soil exchange

Model run with included gaseous exchange with soil

Degradation

Model run with degradation scheme according to [Mu et al., 2018]: gas‐
phase degradation (OH, NO3, O3), particle phase degradation based on the
results of ROI‐T multi‐phase scheme

All changes

Model run with combined changes of previous test simulations

Preliminary modelling results and their analysis
Preliminary model simulations of B(a)P pollution levels were performed for the EU02 domain. Figure
4.2 presents annual mean B(a)P air concentrations simulated by the GLEMOS and CHIMERE models
for 2015. Both models predicted close pattern of B(a)P pollution levels for most of the regions in
Europe.
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a
b
Fig. 4.2. Annual mean B(a)P air concentrations in 2015 (ng/m3), simulated by the GLEMOS (a) and CHIMERE (b)
models for the reference model run (0.2°x0.2°); and B(a)P concentrations, observed at the EMEP monitoring
sites, overlaid as coloured squares in the same scale as modelled values

Evaluation of the model output against measurements for reference and test model runs was carried
out using the data of 27 EMEP monitoring stations for 2015. Summary of statistical analysis of the
agreement between the modelled and observed B(a)P air concentrations is presented in Table 4.2. In
case of the reference model run both models reasonably reproduced the spatial pattern of observed
B(a)P concentrations with correlation coefficients about 0.75‐0.80. At the same time, the GLEMOS
model tended to slightly over‐predict observed B(a)P air concentrations (by 3%), while the CHIMERE
model showed under‐prediction by ‐16%. Results of both models were within the agreement of a
factor of 2 with regard to measurements for about 60% of monitoring sites. However, for other
monitoring sites the discrepancies were higher than a factor of 2, and in case of GLEMOS model
higher than a factor of 3 for about 15% of sites.

Table 4.2. Summary of statistical metrics, calculated on the basis of annual mean B(a)P air concentrations
observed at EMEP monitoring stations (n=27) and estimated by GLEMOS and CHIMERE in the reference model
run and test model runs for 2015
Test simulations

Model

Reference model run

GLEMOS
CHIMERE
GLEMOS
CHIMERE
GLEMOS
CHIMERE
GLEMOS
CHIMERE
GLEMOS
CHIMERE

Gas‐particle
partitioning
Air‐soil exchange
Degradation scheme
All changes

NMBa
(%)
3.0
‐16.2
14.3
‐5.4
‐13.2
‐22.9
‐69.8
‐55.8
‐57.4
‐28.8

Mean modelled
(ng/m3)
0.12
0.10
0.14
0.11
0.10
0.09
0.04
0.05
0.05
0.09

a

Ra
0.80
0.75
0.81
0.76
0.78
0.74
0.76
0.70
0.78
0.73

RMSEa
(ng/m3)
0.08
0.10
0.09
0.10
0.07
0.10
0.14
0.13
0.13
0.11

F2a
(%)
63
59
67
59
59
63
22
48
33
59

F3a
(%)
85
100
81
100
85
93
41
74
52
96

NMB is normalized mean bias; R is the spatial correlation between modelled and observed concentrations; RMSE is the root
mean square error; F2 and F3 represent fractions of sites for which deviation between modelled and observed values are
within a factor of 2 and 3, respectively.
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As seen from the table, inclusion of alternative parameterization of gas‐particle partitioning and air‐
surface exchange do not have significant effect on the modelling results. Both models demonstrated
slight improvement of spatial correlation between the model predictions and measurements in
simulations with dual OM&BC partitioning scheme, whereas in simulations with air‐surface exchange
a bit lower spatial correlation was obtained comparing to the reference model run. Changes of other
statistical metrics were different for the two models. At the same time, inclusion of alternative
degradation scheme led to considerably lower predictions of B(a)P air concentrations and resulted in
noticeably lower level of agreement with measurements.

CHIMERE

GLEMOS

Change of gas‐particle partitioning scheme
Adding air‐surface exchange
Change of degradation scheme
‐80

‐60
‐40
‐20
0
Concentration change, %

20

Fig. 4.3. Relative changes of annual mean B(a)P air concentrations (ng/m3), simulated by the GLEMOS and
CHIMERE models, between the reference model run and test model runs

Relative changes of modelled B(a)P air concentrations in the test model simulations in comparison
with the reference model run are shown in Fig. 4.3. It is seen that GLEMOS and CHIMERE had similar
response to changes of the model parameterizations. In particular, the substitution of gas‐particle
partitioning scheme resulted in average increase of the model predictions (about 10%) due to
increased fraction of B(a)P in particulate phase and lower effect of B(a)P degradation in gaseous
phase on total air concentrations compared to the reference model run. On the opposite, inclusion of
air‐surface gaseous exchange led to decrease of air concentrations (about 10‐15%) due to transfer of
B(a)P to the surface compartment.
The largest changes are seen in the simulations with alternative description of B(a)P degradation
based on the results of ROI‐T degradation scheme. Model predictions of GLEMOS and CHIMERE in
test simulations are lower by 50‐70% comparing to the reference case. Significant decrease of B(a)P
air concentrations can be explained by more intensive degradation of B(a)P in particulate phase in
the ROI‐T scheme compared to the parameterizations applied in GLEMOS and CHIMERE.
Results of the test model simulations show critical role of parameterization of B(a)P degradation in
the atmosphere for the evaluation of its long‐range transport. Thus, further improvement of the
model predictions of B(a)P air pollution levels can be associated with the refinement of
parameterization of particle‐bound B(a)P degradation. Particular attention should also be paid to the
implementation of recent developments in the description of gas‐particle partitioning process taking
into account multi‐phase content of aerosol particles in the atmosphere.
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4.1.2. Heavy metal pollution in Germany
A new study of heavy metal pollution on a country scale has been started this year for Germany. The
main objective of the study is generation of detailed information on levels and spatial distribution of
atmospheric deposition of three heavy metals (Pb, Cd, Hg) in the country for the period from 2014 to
2016. Results of the study will be used by the German Environment Agency (UBA) for integrative
evaluation of available information about heavy metal pollution of various ecosystems (i.e.
comparison with metal concentrations in mosses, needles, leaves) and risk assessment.
The whole program of the study consists of a number of elements, which include preparation and
analysis of input information required for the study (anthropogenic and secondary emissions,
measurement data, meteorological fields, etc.), model simulations of heavy metal concentrations in
air and deposition in the country, evaluation of modelling results against observations and analysis of
discrepancies, formulation of recommendations for improvement of the assessment quality both on
national and regional scales. This year activities include preparation of national emissions and
monitoring data by experts of the country, collection and processing of other input information for
modelling by MSC‐E, pilot simulations of heavy metal pollution levels in the country, and preliminary
evaluation against observations. First results of this work are briefly discussed below.
Information on anthropogenic emissions of Pb, Cd and Hg in 2014, 2015 and 2016 were prepared by
the country’s experts from UBA with spatial resolution 0.1°x0.1°. These data were generated as a
part of the national tool GRETA (Gridding Emission Tool for ArcGIS) [Schneider et al., 2016]. The
resulting fields of emissions spatial distributions in 2016 are shown in Fig. 4.4. As seen the highest
emissions of the considered heavy metals take place in the western part of the country (North Rhine‐
Westphalia). Elevated emissions are also noted in areas around large cities – e.g., Berlin, Hamburg,
Munich. Besides, relatively high emissions caused by large‐point sources are scattered across the
country. Emissions of other countries falling in the model domain were prepared by MSC‐E using the
EMEP gridded data produced by CEIP (Section 1.2.2).

a

b

c

Fig. 4.4. Spatial distribution of Pb (a), Cd (b) and Hg (c) emissions in 2016, g/km2/y
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Emission data for Germany are split into several
source categories in accordance with the GNFR
(Gridded
Nomenclature
For
Reporting)
classification adopted in the Convention. The
major part of Cd emission in Germany falls on
sector ‘Industry’, which contributes about 70% to
national total emission (Fig. 4.5). This sector is
also an important contributor to emissions of Pb
(37%) and Hg (30%). About 60% of Hg national
emission comes from the sector ‘Public power’.
Sector ‘Road Transport’ is responsible for about
40% of Pb emissions.

Industry
Public Power
Resid. Combustion
Solvents
Cd
Pb
Hg

Road Transport
Other
0

20

40

60

80

Contrib. to total emission, %

Fig. 4.5. Contribution of GNFR emission sectors to
total emissions of Pb, Cd and Hg in Germany in 2016

Monitoring data used in the study are based on both the EMEP measurements and observations
from the national monitoring network. Air concentrations and wet deposition fluxes of Pb and Cd are
measured at 11 EMEP stations located in Germany, whereas Hg levels are observed at six EMEP sites.
In addition, considerable amount of observed information comes from the national monitoring
network. Measurements of air concentration and wet deposition of Pb and Cd are available at about
120 stations. Besides, information on Hg wet deposition fluxes is reported by 65 national stations.
Measurements of Pb and Cd collected for the study cover most parts of the country providing a good
basis for evaluation and analysis of modelling results (Fig. 4.6a). In contrast, observations of Hg are
available only at a few background EMEP sites and at other national sites located in the northern part
of the country (Lower Saxony and Schleswig‐Holstein) (Fig. 4.6b). This limited coverage restricts the
evaluation capabilities for spatial patterns of Hg pollution in the country. However, some other types
of measurements (e.g. in mosses) can be used for this purpose in future.

a

b

Fig. 4.6. Observed concentrations of Cd in air (a), ng/m3 and Hg wet deposition fluxes (b), g/km2/y in 2016.
Squares denote the EMEP stations, circles show stations from the national monitoring network
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The set of national monitoring data includes observations from sites of different types. The
classification according to the site location distinguishes urban, suburban and rural stations. Besides,
predominant influence of particular emission sources defines splitting into industrial, traffic and
background stations. It should be noted that industrial stations are characterized by the highest
concentrations of Pb and Cd. For instance, annual mean air concentrations averaged over sites of this
type are 0.6 ng/m3 for Cd and 32 ng/m3 for Pb. Averaged values for other types are much lower and
amount to 5‐8 ng/m3 for Pb and 0.1‐0.2 ng/m3 for Cd.
Special attention was paid by MSC‐E to generation of meteorological data for the national‐scale
modelling domain. Fields of meteorological parameters were generated using the WRF pre‐processor
[Skamarock et al., 2008] initialized by the operational analyses data from ECMWF [ECMWF, 2019].
The Centre made efforts to improve quality of the generated data testing various parameterizations
of physical processes of the WRF pre‐processor. In particular, a number of numerical tests were
performed using different modelling schemes of cumulus convection, cloud microphysics and the air‐
soil interactions for refinement of simulated summer precipitation. Calculated values of precipitation
sums were compared with observations from national network of synoptic stations of German
Weather Service (DWD) [DWD, 2018]. The usage of updated set of WRF parameterizations favoured
improvement of the calculated precipitation sums decreasing the mean relative bias (MRB) changed
from 100% to ‐4% and increasing spatial correlation from 0.43 to 0.61 (Fig. 4.7).

500

Mod = 1.7 x Obs
MRB = 100%
Rc = 0.43

Modelled, mm

400

300

Mod = 0.9 x Obs
MRB = -4%
Rc = 0.61

200

100

Original
Used in modelling
0
0

a

100

200

300

Observed, mm
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b

Fig. 4.7. Comparison of observed and calculated (original and corrected for modelling purposes) precipitation
sums in July (a) and spatial distribution of calculated (map) and observed (circles) precipitation sums in July (b)

Pilot model simulations of Pb, Cd and Hg levels in Germany were carried out for the period 2014‐
2016. A multi‐scale modelling approach was used for the simulations to take into account influence
of national, regional and global sources on heavy metal pollution in various locations of the country
(Fig. 4.8). This approach allows linking various spatial scales in an optimal manner combining wide
coverage with fine resolution of the final domain for the country. An example of simulated spatial
pattern of Pb concentration in Germany in 2016 is shown in Fig. 4.8. Elevated Pb concentrations (8‐
20 ng/m3) are predicted in the western part of the country (North Rhine‐Westphalia) in accordance
with spatial distribution of emissions. It should be noted that similar spatial peculiarities were also
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revealed for Cd and Hg. Relatively high Pb concentrations (5‐8 ng/m3) were also obtained for the
eastern (Saxony, Berlin) and south‐western (Baden‐Württemberg, Hesse) parts of the country. In
other parts of the country Pb levels do not exceed 5 ng/m3. Generally, the simulated Pb
concentrations agree well with available measurements.

Fig. 4.8. Modelled concentrations of Pb on a global, regional (EMEP) and country scales in 2016. Circles denote
EMEP monitoring stations, and squares show national monitoring stations in Germany

More detailed evaluation of the modelling results against observations is initiated. Preliminary
analysis shows different model performance in different locations of the country. For example, the
model well reproduces both magnitude and temporal changes of the observed concentrations over
most considered period at a remote EMEP station DE2 (Waldhof) located in the central part of the
country (Fig. 4.9a). In contrast, modelled Pb concentrations significantly exceed the observed ones at
an urban background station DENW008 (Dortmund‐Eving) situated in North Rhine‐Westphalia, which
is characterized by significant anthropogenic emissions. More thorough comparison of the modelling
results with measurements as well as analysis of the discrepancies will be performed at later stages
of the study.
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Fig. 4.9. Monthly mean Pb concentrations in air at remote station Waldhof (a) and urban background station
Dortmund‐Eving (b) in 2014‐2016.

Further work within the country‐scale study for Germany will include finalizing the model
assessment of heavy metal pollution levels in the country, joint analysis of assessment results with
national experts, evaluation of national emissions based on both modelling and measurement
data, and formulation of recommendations for improvement of the assessment quality both on
national and regional scales.

4.2. Model evaluation of Hg atmospheric chemistry:
Photo‐reduction of gaseous oxidized mercury
Mercury atmospheric chemistry is among the key factors, which governs its long‐range transport in
the atmosphere and deposition to the ground. It causes mutual transformations of long‐lived
elemental (Hg0) and short‐lived oxidized (HgII) Hg species and determines the overall Hg residence
time in the atmosphere and its potential to long‐range transport from emission sources. In spite of
significant improvements in understanding of Hg oxidation and reduction mechanisms, current
knowledge on Hg atmospheric chemistry remains incomplete [Subir et al., 2011; 2012; Gustin et al.,
2015; Ariya et al., 2015].
Gas‐phase oxidation of Hg0 by reactive halogens, in particular, by atomic bromine (Br) is considered
as an important or even dominant pathway of Hg oxidation in the atmosphere [Donohoue et al.,
2006; Hynes et al., 2009; Goodsite et al., 2012; Gratz et al., 2015; Coburn et al., 2016]. The two‐step
Br‐initiated mechanism of Hg0 oxidation with participation of various secondary oxidants (e.g. OH, Br,
BrO, NO2, HO2) is intensively studied by the scientific community [Dibble et al., 2012; 2013, 2014;
Wang et al., 2014; Jiao and Dibble, 2015; 2017]. The newly found secondary reactions imply
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More detailed evaluation of the modelling results against observations is shown in Fig. 4.11. The
model Run #1 underestimates the observed Hg0 air concentrations by 40% on average (Fig. 4.11a). It
is accompanied by slight overestimation of measured Hg wet deposition (Fig. 4.11b). It indicates
unrealistically strong oxidation capacity of the atmosphere. Run #2 demonstrates twofold
overestimation of Hg0 measurements and almost 80% underestimation of observed wet deposition.
In its turn, it implies the lack of Hg0 oxidation in the atmosphere. Run #3 provides relatively good
agreement of modelling results with measurements still containing 20% overestimation of Hg0 air
concentration and 20% underestimation of Hg wet deposition.
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Fig. 4.11. Comparison of simulated Hg air concentration (a) and Hg wet deposition (b) with measurements in
2013. The measurement dataset is the same as in Travnikov et al. [2017]

More understanding of the oxidation and reduction processes can be obtained from analysis of the
Hg chemical budget in the atmosphere (Fig. 4.12). Model estimates of the global atmospheric
reservoir of Hg0 are 1600, 7400 and 3800 Mg for the test Runs #1, #2 and #3, respectively. Only the
last value is comparable with the previous estimates of 4000 Mg for the total atmosphere [e.g.
Travnikov et al., 2009; Holmes et al., 2010] and 3500 Mg for the troposphere [Horowitz et al., 2017].
The gas‐phase oxidation by atomic Br leads to transformation of Hg0 to a unstable intermediate HgBr,
which decomposes back to Hg0 or reacts further with various atmospheric compounds (e.g. Br, OH,
HO2, NO2) to form HgII (Fig. 4.12a). Oxidized HgII species can photo‐dissociate back to Hg0 or to HgBr.
Direct photolysis of HgII to Hg0 shifts the redox equilibrium to the reduction direction leading to very
high steady‐state level of Hg0 and low levels of HgII (Fig. 4.12b). In contrast, the photo‐reduction
pathway through photolysis of HgII to HgBr is limited by the following decomposition of HgBr to Hg0.
It results in slower rates of overall HgII reduction and higher atmospheric levels of the HgII species
(Fig. 4.12c). The simulated HgII species in this model test (Run #3, Fig. 4.12c) are dominated by HgBr2,
which contributes 77% of total atmospheric HgII. The second largest HgII species is HgBrONO (15%),
which is followed by HgBrOH (8%). Contribution of HgBrOOH is negligible.
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Fig. 4.12. Global budget of Hg chemical cycling in the atmosphere for different tests: (a) – Run #1; (b) – Run #2;
(c) – Run #3. The mass estimates are in Mg of Hg, the fluxes are in Mg of Hg per year

The process of formation of the HgII species in the most realistic Run #3 is illustrated in Fig. 4.13 The
figure shows distribution of average mixing ratios of HgBr2, HgBrOH, HgBrOOH, and HgBOrNO in the
atmosphere along with net production rates (production minus decomposition) of these species in
appropriate reactions (R4 and R7, Table 4.3). The production rates depend on local concentrations of
monohalide HgBr, concentration of appropriate oxidants (Br, OH, HO2, NO2), and air temperature.
The decomposition rates are determined by the photolysis rate, which is a function of solar radiation,
and concentration of HgII species. The dominant HgII species HgBr2 is largely produced in the upper
troposphere at high and temperate latitudes of both hemispheres and next to the surface at high
latitudes of the Southern Hemisphere (Fig. 4.13a). Due to absence of removal factors HgII produced in
the upper troposphere has long residence time that leads to its accumulation and high
concentrations aloft. The lower atmosphere, particularly, of the tropical zone is characterized by net
decomposition and lower concentrations of HgBr2.
The second important HgII species, HgBrONO, is also mostly produced in the upper troposphere at
high latitudes of the Southern and, in particular, Northern Hemispheres (Fig. 4.13d). These regions
are also characterized by relatively high concentrations of the species in the free troposphere.
HgBrOH has a maximum of the production rate in the upper troposphere of the tropics, where
elevated concentrations of these species occur (Fig. 4.13b). The production and decomposition of
HgBrOOH mostly compensate each other resulting in very low net production rates throughout the
whole atmosphere with some shift to production in the upper atmosphere and to decomposition in
the lower atmosphere. Therefore, the steady‐state concentrations of this HgII species is very low (Fig.
4.13c). All HgII species are depleted in the low troposphere of the Intertropical Convergence Zone
due to intensive scavenging by precipitation.
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The photo‐reduction mechanism significantly affects Hg global deposition pattern. Comparison of
spatial distribution of Hg deposition simulated with no reduction (Run #1) and with the considered
gaseous‐phase photolysis (Run #3) is shown in Fig. 4.14. The photo‐reduction mechanism decrease
air concentrations of HgII and increase concentrations of Hg0. It leads to decrease of dry and wet
deposition of HgII all over the globe. In contrast, it increases dry deposition of Hg0, mostly, due to
interaction with vegetation. Thus, effect of the photo‐reduction consists of decreased Hg deposition
over the ocean and increased deposition terrestrial vegetated areas. An exception is Hg deposition
over the Southern ocean, where intensive Hg0 oxidation largely prevails over HgII reduction and
general increase of Hg0 concentration leads to increased Hg deposition.

a

b

Fig. 4.14. Spatial distribution of Hg total deposition for different tests: (a) – Run #1; (b) – Run #2; (c) – Run #3

Thus, the analysis shows that the new gaseous photo‐reduction mechanism applied along with the
Br‐initiated oxidation chemistry provides reasonable agreement of modelling results with
observations. However, remaining discrepancies of modelling results with measurements require
further in‐depth study of the Br oxidation/reduction chemistry.
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4.3. Model assessment of POP and Hg multi‐media dispersion
Environmental dispersion of some POPs (HCB, PCDD/Fs, PCBs) and Hg is characterized by intensive
cycling between various media (atmosphere, ocean, soil, vegetation). For instance, a pollutant
deposited to soil can undergo physical or chemical transformations and be re‐emitted back to the
atmosphere or be leached by ground water to a lake or a river with following run off to the ocean.
The cycling of these pollutants between the environmental media determines a complex character of
their dispersion and leads to legacy effect of historical emissions on contemporary pollution levels.
To take this phenomenon into account a multi‐media modelling approach has been developed by
MSC‐E for a long period. It has been successfully applied for simulation of POP pollution both on
regional and global scales. Besides, it is developed and tested for Hg. This section contains a short
overview of the multi‐media approach implemented in the GLEMOS model and discussion of new
developments for HCB and Hg.

4.3.1. Overview of GLEMOS multi‐media approach
GLEMOS is an up‐to‐date multi‐scale multi‐pollutant simulation platform developed for operational
and research applications within the EMEP programme. The framework allows modelling of
dispersion and cycling of different classes of pollutants (e.g. mercury and other heavy metals, POPs,
tracers) in the environment with a flexible choice of the simulation domain (from global to national
scale) and spatial resolution. One of unique features of the GLEMOS system is support of multi‐media
description of pollutants’ cycling in the environment. Due to the physical and chemical properties Hg
and POPs are predominantly global scale multi‐media pollutants, characterized by dynamic exchange
between the atmosphere, water, soil, and vegetation compartments. Besides, they may be
accumulated in the media like soil, seawater, and sediments forming the secondary sources of
pollution.
Three pollutant groups have been included into the current version of the model – POPs, Hg, and
particle‐bound heavy metals (Pb, Cd). The multi‐media approach is implemented in the GLEMOS
modelling system using a modular architecture. It implies possibility to construct the suitable model
configuration for particular application by means of including, removing or replacing some modules
with other ones. It also allows considering different number of environmental media depending on a
pollutant properties. Parameterizations of atmospheric processes of heavy metals and all media
processes of POPs are largely based on the previous well developed and extensively tested models
MSCE‐HM [Travnikov and Ilyin, 2005] and MCSE‐POP [Gusev et al., 2005].
In order to evaluate transport and fate of POPs in the environment several modules describing
processes in the atmosphere, the ocean, soil, and vegetation have been elaborated along with the
module of inter‐media exchange. The structure and processes included in the current GLEMOS
version are illustrated in Fig. 4.15. Different phases of POPs are considered in each medium, which
are involved in different physical and chemical processes, which include transport, phase
partitioning, degradation, and the inter‐media exchange. Three dimensional advective transport and
diffusion of POPs is considered in the atmosphere and the ocean compartment. In addition, vertical
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transport of POPs in soil is implemented in the
model. The inter‐media exchange module
describes the following processes: dry and wet
deposition of aerosol and gaseous species and bi‐
directional exchange between the atmosphere
and the ocean, soil, and vegetation surfaces,
vegetation‐soil exchange with litterfall and run‐off
from soil to the ocean.
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Dissolved
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dynamic
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several POPs and evaluated against available
measurements. Results of model simulations and
Fig. 4.15. The scheme of the main processes
their analysis can be found in the MSC‐E reports
related to POPs in the current version of the
[Travnikov and Jonson, 2011; Jonson and
GLEMOS model
Travnikov, 2012; Shatalov et al., 2014; Shatalov et
al., 2015]. Some examples of the modelling results
for PCB‐153, illustrating multi‐media dispersion of POPs and evaluation against measurements, are
shown below. Simulations of long‐term fate of PCB‐153 in the environment for the period 1930‐2010
were based on the global inventory of historical PCB emissions [Breivik et al., 2007] (Fig. 4.16).
Dynamics of PCB‐153 accumulation in the environmental media are shown in Figs. 4.16 and 4.17.
Results show that the soil compartment accumulates maximum amount of PCB‐153 emissions (87%
by the end of the period). The shares of PCB‐153 in the ocean and atmosphere compartments are
smaller and equal to 13% and 1%, respectively. The soil compartment was characterized by the most
significant inertness among others. Maximum total mass of PCB‐153 in this medium took place in
1985 (Fig. 4.16) that was 10 years after the emissions maximum in 1975.
Accessible fraction

decomposition

Potentially
accessible fraction

100%

100%

Air
Soil+Vegetation

80%
60%

80%

Ocean
Emission

60%

40%

40%

20%

20%

0%

0%

Fig. 4.16. Normalized long‐term changes of global
anthropogenic emissions and total content of
PCB‐153 in the environmental media
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Soil+Vegetation

Fig. 4.17. Share of PCB‐153 mass between the
environmental media for the period 1930‐2010

Spatial distribution of PCB‐153 concentrations in the surface water simulated for the year 2010 is
shown in Fig. 4.18. There is an evident latitudinal dependence of pollution levels with the highest
concentration values at high‐latitudes of the Northern Hemisphere. This pattern of concentrations
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can be attributed to the distribution of most PCB‐153 emissions in the Northern Hemisphere as well
as to the strong temperature dependence of the gaseous flux from the atmosphere to water that
increases for lower air temperatures. Measurement of PCB‐153 concentrations in seawater from
different campaigns [AMAP, 1998; AMAP, 2004; Schulz‐Bull et al., 1991; Iwata et al., 1993; Kannan et
al., 1998; PWGSC, 2003] were employed for validation of the oceanic module of GLEMOS. For the
purpose of comparison observations were divided into three groups according to the latitude of
measurement sites and averaged zonally within the groups (40°N: Japan Sea; 50°N: North Sea, Bering
Sea; and 70°N: Norwegian Sea, Barents Sea, Beaufort Sea, Chukchi Sea). As seen from Figs. 4.19, the
model was able to reasonably reproduce the measured latitudinal trend of PCB‐153 concentration in
seawater.
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Fig. 4.18. Spatial distributions of PCB‐153 annual
mean concentration in seawater for 2010, pg/L
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Fig. 4.19. Zonally averaged meridional profiles of
measured and modelled PCB‐153 concentrations in
seawater, pg/L

Global distribution of simulated annual mean PCB‐153 concentrations in the top 5 cm layer of soil are
shown in Fig. 4.20. Elevated levels of PCB‐153 in soil are estimated for the regions with high
anthropogenic emissions (Europe and Northern America) with maximum concentration level in
Central Europe. Modelled PCB‐153 concentrations in the upper soil layer were compared with
measurements performed at 191 background sites worldwide [Meijer et al., 2003]. In general, model
predictions tend to under‐estimate measured values (Fig. 4.21). At the same time, there is significant
spatial correlation between measured and modelled values.
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Fig. 4.20. Spatial distributions of PCB‐153 annual mean
concentration in the top 5 cm of soil for 2010
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Fig. 4.21. Scatter plot of modelled soil
concentrations of PCB‐153 in the upper soil level
and measured soil concentrations of PCB‐153/132
[Meijer et al., 2003] (dw – dry weight of soil)

4.3.2. Refinement of HCB pollution assessment
Hexachlorobenzene (HCB) is known as a pollutant of global concern due to significant potential to
long‐range transport, persistence in the environment, bioaccumulation, and harmful effects both for
human health and for the ecosystems. It is classified as a carcinogen of the group 1B under the
Regulation (EC) No 1272/2008 (CLP), which defines it also as a toxicant for specific organs under
repeated exposure. In addition, HCB is classified as hormonal disruptor [Starek‐Świechowicz et al.,
2017] and as a very toxic compound to aquatic organisms according to CLP. Major route for
population exposure to HCB is through the ingestion of food (92%) [WHO, 2004] while inhalation and
drinking of water are less important (7% and 1%, respectively). Analysis of monitoring of HCB content
in human adipose tissue and milk generally shows reduction of HCB exposure of general population
since the 1970s [Fürst, 2006; Guerranti et al., 2011]. Nevertheless, the Long‐Term Strategy of the
Convention is paying particular attention to this pollutant indicating that HCB pollution levels are still
a concern and are associated with long‐term risks.
HCB was widely used for agricultural purposes from the 1940s until 1970s as a pesticide and
fungicide [EEA, 2006]. After restrictions and banning of HCB application in agriculture starting from
1970s, its production and use have been substantially declined, leading to the decrease of its content
in the environment. Contemporary levels of HCB pollution are likely supported by industrial and
combustion emission sources and to significant extent by the secondary releases from the
environmental media previously polluted due to agricultural or industrial activities [Barber et al.,
2005]. While global concentrations of HCB has decreased significantly due to restrictions of its use,
local levels of HCB in some countries of the polar region do not decrease [Toft, 2015; Pouch et al.,
2018]. Some other studies also believe that the Arctic region can be a sink for HCB [Macdonald et al.,
2005; Wania, 2003].
This section presents the progress in the activity related to the refinement of HCB pollution levels
assessment. At previous stages of this work [Gusev et al., 2017; Gusev et al., 2018] it was indicated
that the model assessment of HCB pollution was associated with considerable uncertainties due to
incomplete information on contemporary and historic anthropogenic HCB emissions as well as to
uncertainties of the modelling approach applied. At current stage, a review of scientific literature was
performed to refine information on HCB physical‐chemical properties and to update the model
parameterizations of processes controlling HCB concentrations in media. Test model simulations of
HCB long‐term accumulation in media were carried out to analyse the effect of changes in
parameterizations on the agreement of the model predictions with measurements. In addition, the
information on sources of HCB emissions and routes of population exposure was collected and
reviewed to contribute to the analysis of HCB adverse effects.

88

HCB emission sources
HCB does not occur naturally, it can be produced for various applications or released as unintentional
by‐product in course of manufacturing of chlorinated compounds. Although production of HCB is
prohibited in Europe, small amounts are unintentionally formed from a number of sources. For
instance, various incineration processes, leaks from old landfills, non‐compliance to strictly
controlled conditions of manufacturing processes and disposal of wastes from the manufacture and
use of several chlorinated compounds, including chlorinated solvents and pesticides could be
mentioned [EFSA, 2006]. In addition, HCB can be formed as by‐product in different industrial
processes or as unintentional impurity in some products, for example, in number of pigments based
on tetrachlorophthalic anhydride [Government of Japan, 2007] .
According to the study [Thomsen et. al., 2009], residential wood combustion as well as a diffuse
sources and waste incineration processes, are believed to be the most probable sources of HCB
emission. Industrial combustion processes, for example, in metal industry, petroleum refineries and
emission from energy sector can be assumed to be of minor importance. In addition, various kinds of
wastes and by‐products, including petroleum residues, solid and liquid waste and industrial
wastewater, waste from generation of energy can be significant source of HCB to water and soil.
Contribution of waste management processes depends on final disposal methods and recovery of
waste. Whereas the amount of generated waste is significant, this source of HCB emission may be
important.
Some studies show that one of the major sources of HCB is re‐emission of “old” HCB from the
environmental media [e.g. Barber et al., 2005]. Importance of secondary HCB emissions was
considered in several previous studies performed by MSC‐E [Shatalov et al., 2010; Gusev et al., 2011].
It was concluded that further improvement of the evaluation of HCB pollution levels in the EMEP
countries could be achieved by the refinement of officially reported HCB emissions and historical
releases of HCB to the environment. Other recent studies also supposed that the main source of HCB
is recycling from soil, sediments, snow and ice. Wang et al. [2012] investigated air‐soil exchange of
HCB and other POPs of the Tibetan Plateau and showed that the Tibetan soils may appear to be
secondary sources of HCB. In addition, it was found out that concentrations of HCB in soil were
correlated with content of organic carbon in soil.
HCB can also be found as a component of different kinds of products, including ammunition,
fireworks, and synthetic rubber. Thus, Schmid et al. [2014] investigated contribution of HCB emission
from fireworks. Measurements carried out during the Swiss National holiday showed that HCB is
contained as an additive in fireworks. It was estimated that HCB from fireworks can contribute up to
10% to the total emissions in Switzerland. Such hypothesis was studied also by the Chemical
Legislation European Enforcement Network (CLEEN) on the basis of data for Denmark (2008–2010)
and Austria (2009–2010). It was shown that concentrations of HCB in fireworks can amount up to 4.4
wt% [CLEEN, 2012]. It should be noted that HCB concentrations were above the Limit value (50
mg/kg) in approximately 10% of 439 samples which have been tested during this project.
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Environmental fate of HCB
HCB undergoes very little biodegradation in the environment, for this reason it has long half‐live in
the different environmental media including biota [Niimi, 1987]. It is important to note that
availability of HCB for organisms is reduced due to its strong binding to soils and sediments [Barber
et al., 2005]. Consequently, historical HCB contamination of soils and sediments can remain for long
time after cessation of its emissions. HCB has been found at relatively high air concentrations in
remote polar regions, both the Arctic and Antarctic, that can be due to long‐range atmospheric
transport from temperate regions [Euro Chlor, 2002].

Table 4.5. Estimates of HCB half‐live in the different environmental media
Compartment

Half‐life, years
Euro Chlor
[2002]

Beyer et
al. [2000]

Mackay et
al., [1992]

Air

5

0.84

2.7 ‐ 6

Freshwater

6

6.3

2.7 ‐ 6

Sea water

12

6.3

2.7 ‐ 6

Sediment

3.7

6.3

Soil

6.2

6.3

Pouch et
al. [2018]

Barber et
al. [2005]

EFSA [2006]

1.76

0.43 ‐ 6.28
2.7‐5.7 (surface water)
5.3‐11.4 (ground water)

17 ‐ 31
>6

3‐6
2.7 ‐ 22

2.7 ‐ 5.7 (aerobic)
10.6‐22.9 (anaerobic)

Being released to the atmosphere HCB can exist in the vapour phase or be associated with particles
[Eisenreich et al., 1981; WHO, 2004; EFSA, 2006]. Measurements have showed that generally the
vapour phase is prevalent whereas content of HCB in association with particles is under 5 percent
[Ballschmiter and Wittlinger, 1991; Lane et al., 1992, WHO, 2004]. In the troposphere HCB can
undergo slow photolytic degradation. Measured rate constant for the gas‐phase reactions of the
hydroxyl radical with HCB at 298 K was about 0.27∙10‐13 cm3 s‐1 which is equivalent of 940 days of HCB
atmospheric lifetime [Brubaker and Hites, 1998].
In water, both abiotic and biotic degradation of HCB are very slow [e.g. EFSA, 2006]. The half‐life
value of HCB is estimated to range from 2.7 to 12 years (Table 4.5). Hydrolysis reactions are not
relevant for HCB but slow photolytic degradation is possible [Mill and Haag, 1986; Barber at al.,
2005]. Ji et al. [2015] suppose that HCB can undergo microbial degradation under anaerobic
conditions resulting in its transformation to low‐chlorobenzene compounds. Major fate processes of
HCB leading to its removal from water are volatilisation from the water surface, which is moderately
rapid, and adsorption to particulates and sedimentation [Oliver, 1984; Oliver and Charlton, 1984;
EFSA, 2006]. Half‐life value of HCB in sediments is estimated to be up to 30 years due to its strong
adsorption to particulates and long persistence [Pouch et al., 2018]. In addition, after sedimentation
HCB can accumulate on the bed and later can became locked up under overlying sediments [Oliver
and Nicol, 1982].
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The main process for HCB removal from the surface soil layer is its volatilisation [Barber et al., 2005;
Schwarzenbach et al., 1983; Nash and Gish, 1989]. At lower soil horizons aerobic and anaerobic
biodegradation processes are more important [Beck and Hansen, 1974; Howard et al., 1991].
Processes of desorption of HCB from soil and sediments are slow but they lead to secondary emission
of HCB to the environment [EFSA, 2006; Oliver et al., 1989].
Persistence of HCB, its mobility and bioaccumulation
properties result in its world‐wide distribution. Taking into
account historical application of HCB, soil is the main
environmental compartment which was contaminated by
HCB. According to expert estimates [Mukesh Kumar et al.,
2013 ] mass of HCB in soil is much greater than its content in
the atmosphere despite significant difference between the
global volume of soil and air (Fig. 4.22). HCB content in
sediments and water in total do not exceed 3%. Low
concentrations of HCB in water could be explained by its low
solubility [Barber et.al, 2005].

Sediment, 2%

Water, 1%

Air,
9%

Soil, 88%

Fig. 4.22. Global distribution of HCB in
various environmental compartments

Model assessment of HCB pollution: refinement of the model parameterization
Assessment of HCB transport and fate is performed on the basis of officially reported emission data
and expert estimates of emissions using the combined global and regional model simulations.
Previous studies of HCB pollution levels in the EMEP region [Gusev et al., 2017, 2018] indicated
under‐prediction of observed air concentrations in the EMEP countries. The under‐prediction was
attributed to several reasons, namely, incompleteness of reported inventories of national HCB
emission sources, underestimation of HCB emissions in other regions of the world outside the EMEP
domain (e.g. in Southeast Asia), and uncertainties of the applied modelling approach. Major
attention at this stage is paid to the analysis of the model parameterizations of HCB processes in
media and air‐surface exchange.
Current version of the GLEMOS model includes the following processes for the soil compartment:
gaseous exchange with the atmosphere, partitioning of the pollutant between various phases,
vertical transport due to diffusion and convective water fluxes, bioturbation, and degradation.
Several phases of POPs within the soil are considered in the model: gaseous phase, dissolved phase,
pollutant sorbed on the dissolved organic carbon, and on organic carbon within the solid soil fraction
(Fig. 4.23). To take into account the dynamic character of the redistribution of POPs between the
solid soil fraction and other phases, total content of solid organic carbon (OC) is split into two
separate fractions: easily accessible and potentially accessible fractions [Vassilyeva and Shatalov,
2002]. The model assumes that all POP phases in soil are in instantaneous equilibrium with the
exception of POP sorbed on potentially accessible soil OC fraction for which dynamic exchange with
easily accessible fraction is implemented.
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Fig. 4.23. Partitioning of POPs between different phases in soil and partitioning coefficients

Taking into account under‐estimation of the observed HCB concentrations in the atmosphere and soil
by the model [Gusev et al., 2017; 2018], analysis of model parameterizations is focused on the soil
compartment. The processes related to HCB accumulation in soil include gaseous air‐surface
exchange, phase partitioning and degradation. Parameterizations of these processes depend on a
number of parameters for which different estimates are available in scientific literature. These are
octanol‐water partition coefficient Kow, describing sorption of POPs on the organic matter, and rate
of degradation of POPs in soil. Compared to the currently used values of these parameters in the
model, higher estimate of Kow coefficient is given in [Ballschmitter and Wittlinger, 1991; Manz et al.,
2001]. In addition, estimate of slower rate of HCB degradation in soil is available in [Beyer et al.,
2000]. These estimates might lead to more significant accumulation of HCB in soil and subsequently
to more intensive re‐volatilization to the atmosphere. In addition to the selected parameters, the
value of accessible fraction of POP sorbed on solid phase OC is considered.
In order to evaluate the effect of changed values of Kow coefficient, degradation rate, and accessible
fraction on modelling results, test model runs (Table 4.6) with coarse spatial resolution 3°x3° for the
period 1945‐2017 were carried out using the GLEMOS model. Model simulations were based on the
expert estimates of historic HCB emissions developed earlier [Shatalov et al., 2010] and prolonged to
the year 2017.

Table 4.6. Test model simulations to evaluate model response to changes of parameters of HCB degradation
and partitioning in soil compartment. Along with modified values of parameters previously used estimates in
standard model parameterization are given
Test simulation
Base case (BASE)
Kow partition coefficient (KOW)
Degradation (DEGR)
Accessible fraction (ACCFR)

Description
Model run with the set of parameters used for standard calculations
Model run with modified Kow partition coefficient, Kow = 1.6x106 at 10°
Celsius, previous value Kow = 3.54x105
Model run with modified HCB degradation rate in soil, ks = 3.5x9 s–1 ,
previous value ks = 5.24x9 s–1
Model run with modified accessible fraction of POP sorbed on organic
carbon in solid phase in soil, 0.6 , previous value 0.3
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Fig. 4.24 illustrates the differences in the dynamics of HCB content in the atmospheric compartment
between the results of long‐term test model simulations. The largest effect of changes in the model
parameterizations on the modelling results can be seen for Kow partition coefficient. In particular,
slower increase of HCB content in air in the period of emission growing (1945‐1978) is obtained for
the KOW model simulation. The end of calculation period (2000‐2017) is characterized by the highest
HCB content in air in case of the KOW model simulation and the lowest one in case of the ACCFR
model simulation. Results of the DEGR model simulation are rather close to the BASE model
simulation results. The difference between the test simulations can be explained by more intensive
accumulation of HCB in soil compartment under the KOW simulation and more intensive air‐surface
exchange due to increased accessible fraction of HCB sorbed on the solid phase OC in soil in case of
the ACCFR model run.

HCB content in atmospheric compartment
12000

8000

HCB content, tonnes

10000
HCB content, tonnes

HCB content in atmospheric compartment
200

BASE
DEGR
KOW
ACCFR

6000
4000

BASE
DEGR
KOW
ACCFR

150
100
50

2000
0

0

a

b

Fig. 4.24. Long‐term changes of HCB content in the atmosphere in period 1945‐2017 (a) and in the end of
calculation period 2000‐2017 (b) on the basis of the test model simulations (see Table 4.5)

Similar dynamics of HCB content can be seen in the modelling results for soil compartment shown in
Fig. 4.25a. The largest amount of accumulated HCB in soil is obtained in the KOW model simulation
while the lowest one in the ACCFR model simulation. Increase of Kow partition coefficient leads to
significantly higher accumulation of HCB in soil compared to other test model simulations.
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Fig. 4.25. Long‐term changes of HCB content in soil compartment in period 1945‐2017 (a) and averaged annual
mean modelled HCB concentrations in soil (b) in the European countries for 2017 on the basis of the test model
simulations (see Table 4.5)
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In Fig. 4.25b comparison of averaged annual mean HCB soil concentrations, estimated for the year
2017, is shown for the countries of Central, Eastern, Northern, Southern and Western Europe. It can
be seen that the results of the model calculations are mostly sensitive to change of Kow partition
coefficient and accessible fraction of POP sorbed on solid OC in soil, while change of HCB degradation
in soil has small effect on HCB levels in soil. In both cases the difference with results of the BASE
model run exceeds a factor of 2.
To evaluate the effect of parameterization changes on the agreement of the model predictions with
measurements, results of the test model simulations were compared with the available EMEP
measurements for 2017. Annual mean HCB air concentrations measured in 2017 are available at 7
monitoring sites in the Czech Republic, Finland, Iceland, Norway, and Sweden.
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Fig. 4.26. Comparison of annual mean HCB air concentrations observed at EMEP monitoring stations in 2017
and model predictions based on test simulations (see Table 4.6).

Comparison of the model predictions based on the test model simulations with measurements is
shown in Fig. 4.26. It is seen from the figure that increase of KOW parameter leads to the
improvement of agreement with measurements whereas change of HCB degradation rate has no
effect and enlargement of accessible fraction results is worsening the agreement. Statistical
parameters of the comparison are summarized in Table 4.7. In general, the model tends to under‐
predict observed concentrations. The spatial correlation of the modelled and observed
concentrations in most of test cases is about 0.5. In case of the KOW test run the model shows
somewhat lower bias and more significant number of stations where modelled concentrations are
within a factor of 2 with regard to measurements.

Table 4.7. Statistical parameters of the comparison of the test model simulations results with measurements of
EMEP monitoring sites for 2017.
Parameter
Base case (BASE)
Kow partition coefficient (KOW)
Degradation (DEGR)
Accessible fraction (ACCFR)
(a)

Normalized mean bias (%)
‐48
‐34
‐47
‐59

Correlation
0.46
0.44
0.47
‐0.18

Factor 2 (%) (a)
43
71
43
29

Factor 2 represents a fraction of sites, for which deviation between modelled and observed values are within a factor of 2.
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The test model simulations show significant sensitivity of the modelling results to the changes of
parameters of processes, affecting HCB fate in soil compartment. Thus, further analysis and
refinement of the model parameterization of HCB soil processes is of importance. Particular
attention should be paid to the refinement of phase partitioning of HCB in soil and values of KOW
coefficient and accessible fraction of HCB sorbed on solid OC in soil. In addition, refinement of
information on distribution of organic carbon in soil in different phases is needed.
The model evaluation of long‐term HCB fate in media and analysis of sensitivity of the model results
to changes of process parameterizations will be continued. In addition, the model predictions of
contemporary HCB pollution levels will be compared with the results of EMEP passive sampling
campaign performed for HCB in 2016.

4.3.3. Development of Hg multi‐media modelling
Mercury dispersion in the environment has complex character including transport in the atmosphere
and the ocean, chemical transformations in air, soil and seawater, as well as continuous exchange
between the environmental media. This aspect should be taken into account in assessment of Hg
pollution levels and, in particular, long‐term changes of Hg contamination – historical trends and
future scenarios. A pilot multi‐media version of the GLEMOS model for Hg has been developed and
tested previously [Travnikov et al., 2009]. The model includes three environmental media –
atmosphere, ocean and soil – with appropriate exchange fluxes. Major distinctions of the
experimental multi‐media version from the regular GLEMOS model include low spatial resolution
(20°×20°), simplified atmospheric and oceanic dispersion schemes and use of averaged
meteorological and oceanic driving fields presenting ‘climatic’ conditions. All these simplifications
allow application of the model for very long‐term time periods (centuries) to evaluate the pollutant
accumulation and cycling in the environment.
The experimental version uses the same atmospheric module as that of the regular GLEMOS version
except for the driving meteorological fields and parameterization of the atmospheric dispersion. The
atmospheric model domain consists of 13 irregular model layers and covers global atmosphere up to
30 km altitude. Atmospheric dispersion and other processes are driven by meteorological fields
based on the ECMWF ERA‐40 re‐analysis (http://data‐portal.ecmwf.int/data/d/era40_daily/)
averaged over a long period in order to obtain ‘climatic’ conditions. Atmospheric dispersion is
presented by simple upwind scheme with bi‐directional fluxes between the gridboxes. Mercury is
presented in the atmosphere by two gaseous forms (elemental and oxidized), oxidized particulate
form and aquatic forms in cloud water (dissolved elemental, mercury ion, sulfate and chloride
complexes).
The oceanic model domain covers the open ocean and coastal waters as well as some inland seas
(Baltic, Mediterranean, Black, Caspian, Red Seas, etc.) and consists of 6 irregular layers down to 1.2
km depth. Oceanic processes are driven by sea currents and other data based on ECMWF ORA‐S3
ocean re‐analysis (http://www.ecmwf.int/products/forecasts/d/charts/ocean/) using averaging
procedure similar to that for meteorological data. Mercury in seawater is presented by three major
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forms – aqueous elemental, oxidized and non‐reactive mercury. The model considers the following
processes governing mercury fate in seawater: dispersion with sea currents as well as upwelling and
downwelling exchange with the deep ocean; reduction of oxidized mercury to elemental form and
conversion to non‐reactive form; gas exchange of dissolved elemental mercury with the atmosphere;
settling non‐reactive mercury to the deep ocean with suspended particles.
Soil is presented in the model by a one 20 cm depth layer. It is assumed that Hg occurs in soil in two
forms – solid and dissolved in ground water. Solid form, in its turn, is divided into mercury content in
mineral and organic soils. We expect that mercury in mineral soil has natural origin and is
characterized by strong binding. Mineral Hg concentration is assumed to be constant and non‐zero
only at the mercuriferrous belts location. In contrast, Hg content in organic soils reflects
accumulation of mercury mostly from atmospheric deposition and varies both spatially and
temporally. The model considers the following processes governing mercury fate in soil: partitioning
of the dissolved and solid Hg forms; gaseous exchange of Hg dissolved in ground water with the
atmosphere; run‐off of Hg dissolved in ground water to the ocean; volatilization of solid phase Hg to
the atmosphere.
For the research purpose, we performed rough estimates of historical Hg emission trend. Modern
anthropogenic emissions were taken from the recent global mercury emission inventory for 2010
[AMAP/UNEP, 2013]. Since much of global mercury emission is originated from coal and other fuels
combustion we approximated historical evolution of Hg emission by scaling modern emission levels
by a factor derived from historical trend of CO2 emissions from fossil fuel combustion. Besides, in
order to estimate the effect of one of the most important historical Hg emission episodes on we
considered emission of the pollutant from the gold and silver mining in North America. Contribution
of this source was evaluated based on estimates of Hg emission from North American gold rush in
1870‐1880 [Strode et al., 2009] and the primary mercury production in North America as the
temporal scaling factor [Hylander and Meili, 2003]. It should be noted that the developed emissions
trend does not reflect historical evolution of Hg emissions from other important sources including
metal and cement production, waste incineration and artisanal gold mining.
Pre‐industrial conditions were simulated by reaching the steady‐state with zero anthropogenic
emissions (over 10000 years). After that a 200‐years simulation was performed from the beginning of
19th century to nowadays using historical anthropogenic emissions discussed above. Figure 4.27
shows simulated changes of total mercury burden in the atmosphere, soil and the ocean as well as
atmospheric deposition. The total mercury burden in the atmosphere has increased more than twice
since the pre‐industrial period till nowadays, mercury in the ocean – by about 25%, and about 10%
increase was obtained for mercury in soil. It should be noted, that increase of mercury
concentrations in the upper layers of soil and the ocean is more significant than in the whole media
and can reach a factor of two. The largest enrichment due to anthropogenic activity was obtained for
atmospheric deposition: it was enlarged by a factor 2.3. Besides, the deposition increase varies
between different regions and continents. For example, in Asia it exceeds a factor of 3 whereas is
South America it is around a factor of 2 (Fig. 4.28).
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Fig. 4.27. Simulated evolution of total Hg burden in
the three main environmental media since 1800 till
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Fig. 4.28. Average increase of Hg atmospheric
deposition in various continents since 1800 till
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Figure 4.29 shows spatial distribution of simulated present‐day concentrations of Hg in the
atmosphere and the ocean. For comparison, available Hg measurements in air (Travnikov et al.,
2017) and seawater (Zhang et al., 2014) are also shown in the figure. As seen simulated Hg air
concentration generally reproduces the observed values, but somewhat underestimate
concentrations in the Northern Hemisphere and the south‐to‐north gradient due to low spatial
resolution and too intensive inter‐hemispheric exchange (Fig. 4.29a). Concentrations of total mercury
in seawater are high in coastal waters adjacent to industrial regions and zones with significant
upwelling (Fig. 4.29b).

a

b

Fig. 4.29. Simulated present‐day air concentration of Hg0 (a) and concentration of total Hg in seawater (b).
Circles present measurements data in the same colour scale [Travnikov et al., 2017; Zhang et al., 2014]
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4.4. Analysis of factors affecting heavy metal pollution changes between 2016
and 2017
Pollution levels of heavy metals in the EMEP region in a particular year are formed by the influence
of various factors. The first factor is anthropogenic emissions. Another important factor is
meteorological conditions changing from year to year. Besides, changes of meteorological conditions
affect wind re‐suspension of dust particles containing heavy metals. In addition to this, changes of
the model parameterizations also lead to changes of calculated pollution levels.
In order to analyze the effects of these factors on deposition changes taken place between 2016 and
2017 three sets of calculations were carried out (Table 4.8). All calculations were carried out using
the same data on anthropogenic emissions. Therefore, the changes in the results are driven by
changes of meteorological conditions (Section 1.3), which affect transport of pollutants and their
removal from the atmosphere as well as changes of wind re‐suspension. Besides, some changes
regarding wind re‐suspension parameterization were made in the model.

Table 4.8. Model runs performed for the analysis of changes between 2016 and 2017
Run#1

Run#2

Run#3

Emission data

2016

2016

2016

Meteorological conditions

2016

2017

2017

Wind re‐suspension

Original, 2016.

Original, 2017

Corrected, 2017

Changes between deposition were expressed in relative (percent) and absolute (g/km2/year) terms
with regard to results for 2016 (Run #1). Positive value of the change means that deposition in 2017
is higher than that in 2016, and vice versa. Results of the analysis of the changes are exemplified by
Cd. Maps of Cd total deposition fluxes in 2016 (Run #1) and 2017 (Run #2) are demonstrated in Fig.
4.30. The maps of spatial distribution of the fluxes in 2016 and 2017 are similar. Spatial distribution
of the fluxes reflects mainly spatial distribution of anthropogenic emissions in the EMEP region.
Areas of the highest fluxes noted for the Benelux region, western Germany, Poland, the central parts
of Russia and the eastern parts of Ukraine are associated with relatively high Cd emissions in the
corresponding regions.

a

b

Fig. 4.30. Total deposition of Cd in 2016 (Run#1, a) and 2017 (Run#3, b)

98

Most significant absolute (Fig. 4.31a) and relative (Fig. 4.31b) differences between deposition fluxes
in 2016 and 2017 are noted for the central and the western parts of the Mediterranean. Relatively
high absolute changes (‐8 ‐ ‐3 g/km2/y) are seen over the eastern part of Europe, whereas relative
change over this region is around ‐30%. Significant positive change is noted for the Asian part of
Russia, but the absolute change over this region is low (up to 3 g/km2/y).

a

b

Fig. 4.31. Absolute (a) and relative (b) difference between Cd total deposition fluxes in 2016 and 2017

The differences shown in Fig. 4.31 reflect overall effect of changes of various factors. In order to
derive the effect of meteorological conditions it is worth comparing deposition fluxes caused by
anthropogenic sources. Since in all considered model calculations anthropogenic emissions are the
same, the changes in anthropogenic deposition between 2016 and 2017 are caused only by inter‐
annual meteorological variability. Over most parts of the EMEP countries the relative difference,
caused by meteorological variability, lies within ±30% (Fig. 4.32a). Relatively high increase in the
eastern part of the domain is associated with small absolute changes (Fig. 4.32b).

a

b

Fig. 4.32. Absolute (a) and relative (b) difference between Cd total anthropogenic deposition fluxes
in 2016 and 2017

Changes of total anthropogenic deposition to the EMEP countries between 2016 and 2017 vary from
‐24% (Iceland) to 16% (Bulgaria) (Fig. 4.33). For 85% of countries the changes lie within ±15% limits.
In a number of countries the increase or decrease of the deposition in 2017 compared to 2016 can be
explained by the corresponding changes of atmospheric precipitation. For example, in the countries
of Transcaucasia region (Georgia, Azerbaijan and Armenia) Cd deposition in 2017 are 22%, 21% and
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Change, %

14% lower than the deposition in 2016. The corresponding change of country‐mean calculated
precipitation amount was 11%, 29% and 28%. Decline of precipitation amounts is confirmed by the
results of station‐based meteorological observations which record 8% decline in this region [GSOD,
2019]. The same can be noted for a number of countries where increase of deposition takes place.
For example, increase of deposition in the Netherlands, Malta and Bulgaria by 8%, 13% and 16%,
respectively, is accompanied by the corresponding increase of precipitation amounts by 17%, 27%
and 10%.
20
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Fig. 4.33. Changes of total anthropogenic Cd deposition to the EMEP countries between 2016 and 2017. Positive
values mean increase, and negative – decrease in 2017 compared to 2016

However, in a number of countries the sign of deposition change does not coincide with the sign of
precipitation change. For example, country‐mean precipitation increased in Sweden by 13% and in
Norway – by 15% between 2016 and 2017. According to the data from synoptic stations, the increase
of observed precipitation amounted to 14% in Sweden and 9% in Norway [GSOD, 2019]. However, Cd
deposition in these countries declined by 8% and 11%, respectively. In order to explain this, it is
important to consider source‐receptor relationships for these countries.
Main transboundary contributors of Cd deposition to territory of Sweden in 2017 are Germany
(18%), Poland (16%) and Russia (12%) (Fig. 4.34a). National emission sources contribute about 14%
to total anthropogenic deposition in Sweden. The ratios between the county’s contributions look
similar for 2016 and 2017. However, comparison of absolute contributions allows seeing the changes
induced by meteorological variability. Deposition of Cd from national sources to Sweden increased by
14 kg (7%). It is agreed with the increase of atmospheric precipitation by 13%. However,
atmospheric inputs from Germany, Poland and Russia declined by 31 kg (10%), 44 kg (15%) and 105
kg (37%), respectively (Fig. 4.34b). Over territories of Germany and Poland average increase of
precipitation between 2016 and 2017 made up 26 and 11%, respectively. It resulted to 8% increase
of Cd deposition from national sources to territories of Germany and Poland. Therefore, less amount
of Cd, emitted in Germany and Poland, could participate in transboundary transport and affect
neighbouring countries, such as Sweden. Change of deposition from Russian sources to Sweden is
much higher than that of precipitation, especially in regions where main emission sources are
located. Therefore, changes in transport patterns have to be taken into account.
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Fig. 4.34. Main contributors to Cd deposition to Sweden (a) in 2017 and Cd deposition
of main contributors to Sweden in 2016 and 2017 (b)

Atmospheric transport of Cd from main contributors to pollution in Sweden (Germany and Poland) to
other EMEP countries also changed from 2016 to 2017. Main countries‐receptors of Cd emitted by
German sources are Poland, France, the Czech Republic and Russia. From 2016 to 2017 contribution
of German emissions to deposition in countries located to the west of Germany (France) declined by
almost 40%, while the contributions to counties eastward from Germany (Poland, the Czech Republic
and Russia) increased by 25%, 12% and 10%, respectively. The same tendency is noted for Poland:
contribution of the Polish sources to deposition in Germany (westward from Poland) declined by
45%, while the contribution to countries located to the east of Poland (Russia, Ukraine, Belarus)
increased by 11%, 13% and 18%, respectively.
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Fig. 4.35. Main countries‐receptors of Cd deposition from sources of Germany (a) and Poland (b)
in 2016 and 2017

Analysis of the example of transboundary pollution aspects in Sweden and its neighboring
countries demonstrates that changes in meteorological conditions considerably affect parameters
of long‐range transport such as import from and export to other countries and deposition from
national sources.
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Brief overview of changes in heavy metal deposition induced by meteorological factors is exemplified
by countries in Scandinavia (Sweden) and Transcaucasia (Armenia, Georgia, Azerbaijan). It is shown
that inter‐annual meteorological variability considerably affects both total magnitude of atmospheric
deposition and contributions of different emission sources to pollution levels in the EMEP countries.
As seen in Section 1.4.2 and Supplementary Data Report [Ilyin et al., 2019], significant contribution to
deposition in the EMEP countries is caused by secondary sources. Changes of atmospheric input to
country’s territories from secondary sources are induced by changes of meteorological conditions
and changes of parameterizations.
Absolute change of Cd deposition fluxes produced by wind re‐suspension in the EMEP region
between 2016 and 2017 lies within ±3 g/km2/y over most part of the modelling domain (Fig 4.36a).
Spatial distribution of relative changes is more diverse. The deposition diminished markedly in
Finland, the western part of Russia, Belarus, over the Baltic region, Turkey and Caucasus region (Fig.
4.36b). Significant increase is noted for the vast areas of the Asian and some European parts of
Russia, Kazakhstan, some regions of Poland, Germany and Spain.

a

b

Fig. 4.36. Absolute (a) and relative (b) difference between Cd deposition fluxes caused by wind re‐suspension
(original parameterization) in 2016 and 2017

This spatial distribution of absolute and relative changes of deposition from secondary sources is a
result of complex processes of dust suspension, atmospheric transport and scavenging. The main
meteorological driving factors for re‐suspension are wind velocity and soil moisture. On one hand,
due to lack of precipitation soil becomes dry, which favours the re‐suspension. On the other hand,
precipitation removes pollutants from the atmosphere including those which were previously re‐
suspended during dry conditions. That is why the increase of precipitation over central (e.g.,
Germany, Poland) and northern (Norway, Sweden) Europe is accompanied with the increase of
deposition of re‐suspended Cd. Most likely, this Cd was blown from soils of other regions and
reached the central and northern parts of Europe because of long‐range transport.
Comparison of modelled and observed concentrations of lead and cadmium revealed that in some
parts of Europe (e.g., Belgium, the Netherlands) the model substantially (1.5‐2.7 fold) overestimates
the observed concentrations. This overestimation was linked with overpredicted contribution of
wind re‐suspension. In order to reach better agreement between modelled and observed air
concentrations, soil enrichment factor was corrected. The correction favoured decrease of the
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discrepancies between modelled and observed concentrations. For Cd the mean relative bias
changed from 47% to 18%, and for Pb – from 21% to 2% (Fig. 4.37). Correlation coefficients (around
0.8) changed insignificantly.
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Fig. 4.37. Modelled and observed mean annual concentrations in air of Cd (a) and Pb (b)
at the EMEP stations in 2017

Correction of soil enrichment factors led to general decline of Pb and Cd deposition from 2016 to
2017. In absolute terms the decline of Cd deposition made up around 3 g/km2/y over most of the
modelling domain (Fig. 4.38a). Relative decline of re‐suspension component varied from 30% to 60%
over the western and the eastern parts of Europe, while over the central and the southern parts it
can exceed 60% (Fig. 4.38b).

a

b

Fig. 4.38. Absolute (a) and relative (b) difference between Cd deposition fluxes caused by correction
of wind re‐suspension parameterization from 2016 to 2017

A third group of sources affecting pollution levels in the EMEP region includes sources (both
anthropogenic and secondary) located outside the EMEP domain. In order to take into account these
emissions global‐scale modelling is performed (see section 3.3.6.). Although Pb and Cd does not tend
to disperse globally like Hg, non‐EMEP sources make noticeable contribution to Cd and Pb total
deposition, especially in countries situated near the borders of the modelling domain.
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Absolute changes of Cd deposition from non‐EMEP sources between 2016 and 2017 lie within ±3
g/km2/y over most part of the EMEP region (Fig. 4.39a). Stronger negative change is noted for the
eastern part of the Mediterranean region. However, relative differences are more contrasting: over
the southern, western, central and the northern parts of Europe, the eastern part of Central Asia as
well as over the eastern part of the Mediterranean Sea strong positive change, sometimes exceeding
60%, takes place. Significant negative change (below ‐60%) of this component is noted for the west
of Mediterranean Sea, Italy, south‐eastern Europe and the western part of Central Asia (Fig. 4.39b).

a

b

Fig. 4.39. Absolute (a) and relative (b) difference between Cd deposition fluxes caused non‐EMEP sources
in 2016 and 2017

It is important to state that neither model parameterization no emission data has been changed for
calculations of 2016 and 2017. Therefore, the changes are caused by variability of meteorological
conditions outside the EMEP region. Boundary concentrations of Cd are presented by anthropogenic
and re‐suspension components. The main component of deposition from non‐EMEP sources is re‐
suspension from bare lands, namely deserts of Africa (Sahara), Arabia and eastern Asia (Gobi).
Comparison of global spatial distributions of dust fluxes from these deserts indicates smaller dust
suspension in 2017 compared to 2016. Further it would be important to study the sensitivity of the
modelling results to boundary concentrations for the new EMEP grid in more detail.
Changes of country –averaged components of Cd deposition fluxes as well as total fluxes over each
EMEP country are summarized in Fig. 4.40. In most of the countries the change of deposition relative
to total value in 2016 varies from +16 to ‐30%. As a rule, the changes are induced by inter‐annual
variability of meteorological conditions which affects deposition from wind re‐suspension,
anthropogenic or non‐EMEP sources. In the majority of the countries decline of deposition is noted.
The lowest decline between 2016 and 2017 is noted for Monaco (‐67%) followed by Albania (‐40%)
and Italy (‐36%). The decline in these countries and some other countries of Central Asia and
southern Europe is mostly caused by decline of contribution of non‐EMEP sources. Besides,
significant reduction of deposition in Belgium and the Netherlands is explained by correction of wind
re‐suspension parameterization. The highest relative increase of Cd deposition occurred in Cyprus
(around 40%) due to stronger effect of transport of re‐suspended Cd from bare lands in 2017
compared to 2016.
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Fig. 4.40. Changes of total (pink stripes) Cd deposition and its components (bars) relative to total deposition in
2016 between 2016 and 2017. dA_meteo, dR_meteo, dBnd_meteo – changes due to meteorological variability
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The analysis of pollution changes between 2016 and 2017, exemplified by Cd, demonstrates that
even in case of constant anthropogenic emissions the overall change of deposition to country as a
whole ranges within ±30% over most of the EMEP countries due to variability of meteorological
conditions. In particular parts of the counties the changes can be even higher. In the central and
northern parts of Europe the main changes are related to anthropogenic and re‐suspension
component. In a number of countries of Central Asia, Caucasus and southern Europe significant
contribution to the change is made by non‐EMEP component. The role of this component in the
pollution of the EMEP countries by heavy metals requires more detailed investigation.

4.5. Analysis of key emission sources and trends of B(a)P pollution
in the EMEP countries
High levels and lack of decrease of PAH air concentrations in the EMEP countries during two recent
decades have been indicated as an important issue in the Long‐term strategy of the Convention.
Specific attention in this respect is paid to residential combustion and biomass burning as prevailing
PAH emission source categories. The strategy highlights importance of continued scientific research
that can support additional efforts for the reduction of unintentional releases of PAHs in the EMEP
region and especially for countries of Eastern Europe, the Caucasus and Central Asia. In this respect
MSC‐E is carried out the analysis of temporal variations of observed B(a)P concentrations, reported
national emission data, and model estimates of pollution levels. An overview of the results of this
work is presented in this section. The information on trends in B(a)P pollution levels as well as on
exceedances of air quality guidelines for B(a)P can be used as a contribution to the activities of the
Task Force on Technical and Economic Issues (TF TEI) with regard to the analysis of effectiveness of
measures on reduction of PAH pollution.
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Evaluation of temporal changes of observed B(a)P pollution levels during the recent decade was
performed on the basis of monitoring data of AIRBASE for the period 2007–2017. Statistical approach
applied for the analysis of these measurements is described in [Gusev et al., 2017]. In particular,
linear regression for the time‐series of each site, which reported more than three values of annual
mean measured concentrations, was calculated. In order to test statistical significance of B(a)P
concentrations changes, 95% confidence intervals for slopes of linear regression (for each monitoring
site) were evaluated. In case when all the values of regression slopes from the confidence interval for
a given site were positive, it was assumed that statistically significant increase of concentrations at
this site took place. On the opposite, when all the values of regression slopes were negative,
statistically significant decrease was assumed for the considered site. Preliminary results of the
analysis are presented below. More detailed evaluation of temporal changes in the observed and
modelled concentrations as well as in the emission data will be presented on further stages of this
activity.
Distribution of monitoring sites indicating increase or decrease of annual mean observed B(a)P air
concentrations in period 2007‐2017 is presented in Fig. 4.41a,b. It can be seen that decreasing B(a)P
air concentrations are observed in most of the countries provided measurements of B(a)P pollution
levels. At the same time, in four areas, namely, the UK and Ireland, Spain, Northern Italy as well as
Poland, Czech Republic, Germany, and Austria increasing levels of B(a)P concentrations can be seen.

a

b

Fig. 4.41. Locations of AIRBASE monitoring sites, reported decreasing (a) or increasing (b) trends of annual
mean B(a)P air concentrations in period 2007‐2017 (decrease is shown using green color, increase is shown
using red color)

Number of monitoring sites reported increasing or decreasing trends of annual mean B(a)P air
concentrations in period 2007‐2017 is presented in Fig. 4.42. Data of about 67% of the sites indicate
declining of B(a)P concentrations in the EMEP countries. For about 46% of the sites these changes
can be considered as statistically significant. At the same time, about 33% of the sites reported
increasing B(a)P concentrations and 22% of them can be considered as statistically significant. Among
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the three different types of monitoring site locations, slightly higher amount of increasing pollution
levels was reported by the rural monitoring sites (Fig. 4.42a).
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Fig. 4.42. Number of AIRBASE monitoring sites (in %), indicated increase (light red) or decrease (light green) of
annual mean B(a)P air concentrations in European countries in period 2007‐2017 differentiated by site type (a)
and by countries (b). Amount of sites indicated statistically significant changes is shown in bright green/red
colours

In Fig. 4.42b the fractions of growing and declining concentrations is shown for selected European
countries. According to these data in most of the countries both decreasing and increasing tendencies
in the reported B(a)P concentrations can be seen. In the majority of countries the levels of B(a)P
concentrations are declining. However, in some of the countries, for example, in Slovakia, Ireland,
Italy, Poland, Spain, and the Czech Republic a percentage of time‐series with increasing pollution
levels is relatively high (more than 20%).
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Fig. 4.43. Temporal variations of averaged B(a)P annual mean air concentrations in the selected EMEP countries
in period 2007‐2017 in comparison with variations of annual emissions
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Time‐series of observed B(a)P air concentrations in the EMEP countries can be compared with
temporal variations of the officially reported national emission data. To achieve comparability of the
regression analysis results for measurements and emissions, data on emissions were used for the
same years as available data on observed B(a)P concentrations. In Fig. 4.43 temporal variations of
averaged B(a)P annual mean air concentrations in the selected EMEP countries are compared with
the variations of annual emissions. It can be seen that the period from 2007 to 2017 is generally
characterized by relatively small temporal variations of both observed B(a)P concentrations and
emissions. In particular, B(a)P emissions in the countries of Central Europe, for example, Poland and
the Czech Republic, were mostly on the same level or slightly increased from 2007 to 2017. According
to the reported emission data the releases of B(a)P in Italy and Spain tended to decrease during this
period. At the same time time‐series of the observed concentrations indicate the increase of
concentrations in Italy and almost no changes in concentrations for Spain.
Preliminary model evaluation of long‐term changes of B(a)P pollution levels in the EMEP countries
was performed for the same period of time on the basis of the most recent data on B(a)P emissions.
In Fig. 4.44 the model predictions for the locations of AIRBASE monitoring sites are illustrated with
indications of increasing or decreasing annual mean observed B(a)P air concentrations in period
2007‐2017. The modelling results are generally comparable with temporal variations of the observed
B(a)P air concentrations (see Fig. 4.41).

a

b

Fig. 4.44. Locations of AIRBASE monitoring sites for which model simulations indicated decrease (a) or increase
(b) of B(a)P air concentrations in the period 2007‐2017. (Decrease of concentrations is shown using green color,
and increase of concentrations is shown using red color).

In particular, for most of the countries the decline of B(a)P air concentrations in the locations of
monitoring sites is simulated. The increase of concentrations is estimated for the countries of Central
Europe, Germany, the UK, and Spain.
Statistical analysis of model predictions in comparison with the measurement data is given in Table
4.9 and exemplified by four countries, namely, Poland, the Czech Republic, Italy, and Spain. It can be
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seen that the number of site locations, showing increase of B(a)P concentrations according to
calculation results, is higher than that according to measurement data (with the exception of Italy).
Particularly, the model predictions indicated increasing B(a)P concentrations for larger amount of
monitoring site locations in Germany and the UK. In case of Italy, contrary to monitoring data, the
model results for most of monitoring sites indicate decrease of B(a)P concentrations. The latter
discrepancy can be explained by the difference between the observed trends in B(a)P concentrations
and temporal variations of emissions in the corresponding grid cells as well as effect of temporal
variations of transboundary transport from other emission sources.

Table 4.9. Comparison of number of locations of monitoring sites for which increase or decrease of modelled
and observed B(a)P air concentrations in period 2007‐2017 for the selected EMEP countries is evaluated
Total number of
sites

Increase
Observed

Modelled

Decrease
Observed

Modelled

Poland

126

54

86

72

40

Czech
Republic

33

11

33

22

0

Spain

34

13

20

21

14

Italy

57

29

1

28

56

Country

Thus, changes of the PAH levels in the EMEP countries taken place in the last decade requires further
analysis. First of all, special attention has to be paid to the modelled and observed changes at the
particular monitoring stations taking into account statistical significance of the changes. Source‐
receptor apportionment is another aspect which should be accounted for in the analysis. In
particular, contributions national and foreign emissions as well as emission sectors to PAH pollution
levels will be evaluated to carry out more detailed analysis of temporal trends in PAH air
concentrations.
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5.

COOPERATION

Scientific co‐operation is an important part of MSC‐E activities aimed at support and improvement of
heavy metal and POP pollution assessment within EMEP as well as dissemination of the assessment
results to wider international audience. For this purpose the Centre collaborates with Subsidiary
bodies to the Convention and other international organizations.

5.1. Subsidiary bodies of the Convention
Co‐operation with Subsidiary bodies of the Convention includes collaborative work with the Task
Force on Measurements and Modelling (TFMM) and the Task Force on Techno‐Economical Issues (TF
TEI).

5.1.1. Task Force on Measurements and Modelling
MSC‐E continued cooperation with TFMM. The Centre participated in the TFMM meeting held in
May, 2019 in Madrid, Spain. Information on recent activities of MSC‐E in the field of the model
assessment of heavy metals and POPs was presented. In particular, progress in the atmospheric Hg
chemistry research and the results of the model study of Hg atmospheric chemistry were
demonstrated. Different mechanisms of Hg oxidation and photo‐reduction were tested. Besides,
approaches of multi‐media modelling with regard to Hg global cycling aimed at improvement of
assessment of Hg levels in the EMEP region were outlined.
Analysis of heavy metal pollution levels in hot spots of the EMEP region, using modelling results and
monitoring data was undertaken. Modelled concentrations in air were compared with the available
EMEP data, monitoring results from AIRBASE data base, and modelling results simulated by other
regional‐scale models. Special attention was paid to the contribution of main emission sectors to
simulated concentrations in air. Furthermore, initial steps of country‐scale study of heavy metal
pollution levels in Germany were overviewed. Information on national emission and monitoring data
provided by German experts was analyzed. Pilot results of multi‐scale (global, regional, national)
modelling were presented. Further steps of the country‐scale study were announced with focus on
detailed evaluation of the modelling results and analysis of the discrepancies between modelled and
observed levels.
The outcome of country‐specific case study on B(a)P pollution in Europe, performed in co‐operation
with national experts of France and Spain, was shown. Current stage of the study was focused on the
analysis of modelling approach applied for B(a)P and evaluation of alternative model
parameterizations. In particular, different gas‐particle partitioning and degradation schemes were
tested using the models GLEMOS and CHIMERE. Results of the test model simulations showed critical
role of parameterization of B(a)P degradation in the atmosphere for the pollution assessment. Thus,
further improvement of the model predictions of B(a)P concentrations can be associated with the
refinement of the model description of B(a)P degradation. Besides, particular attention should also
be given to the description of gas‐particle partitioning process taking into account multi‐phase
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content of aerosol particles in the atmosphere. Further activities in the framework of B(a)P case
study will include country‐scale assessment of B(a)P pollution in Poland and multi‐model analysis of
B(a)P long‐range transport within the EMEP EuroDelta‐Carb intercomparison exercise in co‐operation
with national experts and TFMM.
In the framework of cooperation with the WGE new types of the model output information were
proposed to facilitate evaluation of the effects. This output includes deposition of heavy metals and
POPs to watersheds and information on enrichment of atmospheric particulate matter with toxic
pollutants (heavy metals and POPs). Finally, plans of future work in the fields of research and
development, country‐specific studies in EMEP countries, and cooperation with the effects
community for 2020/2021 were formulated.

5.1.2. Task Force on Techno‐Economical Issues
Analysis of effectiveness of measures on reduction of PAH pollution is an important activity under
Convention that is performed by the Task Force on Technical and Economic Issues (TF TEI). The Long‐
term Strategy of the Convention emphasized the need of continued scientific research that can
support additional efforts for the reduction of unintentional releases of PAHs in the EMEP region and
especially for countries of Eastern Europe, the Caucasus and Central Asia. MSC‐E carried out
evaluation of temporal trends in the observed B(a)P concentrations and reported national emission
data. Besides, model assessment of temporal variations of PAH pollution levels and contributions of
key groups of emission sources is being performed. An overview of the results of this work is
presented in this report. The information on trends in B(a)P pollution levels as well as on
exceedances of air quality guidelines for B(a)P in the EMEP region can be used as a contribution to
the activities of TF TEI.
In the framework of co‐operation with TF TEI MSC‐E took part in the TF TEI Workshop aimed at
promoting ratification of the CLRTAP Protocols by the EECCA countries. The Centre informed the
countries about variety of information products on emissions, monitoring, and modelling generated
within EMEP and aimed at support of national activities in pollution reduction and implementation of
the Protocols. In particular, available information on transboundary pollution by heavy metals and
POPs of the EMEP countries was illustrated with focus on the countries of the EECCA region.
Problems and challenges of the pollution assessment in this region were formulated.

5.2. International organizations
The Centre actively participates in cooperation with other international organizations and
programmes to facilitate information exchange and improve quality of the pollution assessment both
in the EMEP region and on wider scales. This year international co‐operation was focused on
scientific collaboration with the Arctic Monitoring and Assessment Programme as well as with the
Stockholm and Minamata Conventions.
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5.2.1. Arctic Monitoring and Assessment Programme
EMEP has successful experience of long‐term co‐operation with the Arctic Monitoring and
Assessment Programme (AMAP), which includes participation in joint assessments and projects.
Specifically, MSC‐E took part in a number of the AMAP Assessments of the Arctic pollution with
heavy metals and POPs [AMAP, 2004, 2005; 2011]. Besides, joint collaboration with the UN
Environment on the Global Mercury Assessments was among priority directions of both international
bodies.
Currently, MSC‐E participates in two new AMAP Assessments on the Arctic pollution by Hg and POPs
providing the results of model simulations and contributing to preparation of the reports. Figure 5.1
illustrates information on Hg pollution of the Arctic, which is based on the multi‐model simulations
performed as a part of the Global Mercury Assessment 2018 [UN Environment, 2019]. Four chemical
transport models took part in the study – GLEMOS (EMEP/MSC‐E), GEOS‐Chem (Massachusetts
Institute of Technology, USA), GEM‐MACH‐Hg (Environment and Climate Change Canada, Canada),
ECHMERIT (Institute of Atmospheric Pollution Research, Italy). Mercury deposition levels in the Arctic
vary from 12 g/km2/y in Northern Scandinavia, Alaska and the Labrador Sea to less than 1 g/km2/y
over central Greenland (Fig. 5.1a). Generally, Hg deposition over the Arctic Ocean is lower than
deposition over terrestrial territories. In total, Hg deposition to the Arctic consists of almost equal
contributions of direct anthropogenic sources (46%) and natural/legacy sources (54%). The largest
anthropogenic contribution is made by industrial sources (21%), which are followed by artisanal and
small‐scale gold mining (ASGM, 16%), power generation (6%), and internal use and product waste
(3%).

21%
54%
16%

6%

Industrial sources

3%

Power generation
Intentional use & product waste
ASGM

a

Natural / legacy

b

Fig. 5.1. Spatial distribution (a) and sectoral composition of Hg deposition (b) in the Arctic in 2013

A meeting of AMAP POPs expert group was held in Stockholm (Sweden) in April 2019 to scope
updating of the AMAP assessment of POPs in the Arctic and their interactions with climate change.
Participants of the meeting provided updated information on studies of POPs and emerging
compounds in the Arctic region. MSC‐E presented results of model evaluation of long‐range
transport of selected POPs and contributions of the EMEP countries to deposition in the Arctic
region. Besides, possible topics of further co‐operation between MSC‐E and AMAP were outlined and
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discussed. Results of the model assessment of the Arctic region pollution by selected POPs are
planned to be included to the being prepared AMAP POP assessment.

5.2.2. Helsinki Commission
In the framework of cooperation with the Helsinki Commission, MSC‐E performs regular evaluation
of airborne pollution load of heavy metals and POPs to the Baltic Sea. This work is carried out in
accordance with the Memorandum of Understanding between the Baltic Marine Environment
Protection Commission (HELCOM) and the United Nations Economic Commission for Europe (UN
ECE) and is based on the long‐term EMEP/HELCOM contract.
This year long‐term variations of Cd, Hg, B(a)Pm and PCB‐153, deposition fluxes to the Baltic Sea
were estimated for the period 1990‐2016. Along with this, source apportionment of annual
deposition was carried out for 2016. Results of the assessment were summarized in the Joint report
of the EMEP Centres for HELCOM [Gauss et al., 2018] and presented in the indicator fact sheets,
published on the HELCOM website [http://www.helcom.fi].
Anthropogenic emissions of Cd, Hg, B(a)P, and PCB‐153 in the HELCOM countries declined from 1990
to 2016 by 37%, 45%, 38%, and 78%, respectively. Russia, Poland, and Germany were the main
contributors to the emissions among the HELCOM countries in 2016. Their share in total emission of
the HELCOM countries exceeded 75% for PCB‐153 and 90% for the other three pollutants. The most
noticeable drop of Cd, Hg, and B(a)P emissions took place in the beginning of 1990s, while during the
subsequent period of time the changes were less significant and were almost levelled off (Fig. 5.2a).
Contrary to this, decline of PCB‐153 emissions was more substantial and took place during the whole
period 1990‐2016.
Model assessment of long‐term variations of pollution indicated considerable decrease of
atmospheric deposition of B(a)P (by 67%), Cd (by 61%), and PCB‐153 (by 61%) to the Baltic Sea in
the period 1990‐2016, whereas Hg deposition declined within this period by only 34% (Fig. 5.2b). It
is seen that deposition of selected pollutants are subject of noticeable inter‐annual variations that
reflects the influence of changes of meteorological conditions from year to year (e.g. changes of
atmospheric transport pathways, precipitation amount). The decrease of deposition varies
substantially among different sub‐basins of the Baltic Sea. In particular, the largest changes of Cd
deposition took place in the Bothnian Bay sub‐basin (by 70%), Hg deposition in the Sound sub‐basin
(by 60%), B(a)P and PCB‐153 in the Western Baltic sub‐basin (by 70%).
Anthropogenic emission sources of the HELCOM countries contributed to annual Cd, Hg, B(a)P, and
PCB‐153 deposition to the Baltic Sea in 2016 about 38%, 13%, 73%, and 37%, respectively. Russia,
Poland, and Denmark were the main contributors of anthropogenic Cd, Hg, and B(a)P deposition to
the Baltic Sea, whereas for PCB‐153 most significant contributions were made by Sweden and
Finland. Along with anthropogenic emissions significant contribution (more than 50%) to Cd, Hg, and
PCB‐153 deposition to the Baltic Sea was made by secondary emission sources (e.g. re‐emission from
soil and sea water compartments) as well as by the long‐range transport from the emission sources
located outside the HELCOM countries.
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Fig. 5.2. Relative changes of annual total emissions of HELCOM countries (a) and annual atmospheric Cd, Hg,
B(a)P, and PCB‐153 deposition to the Baltic Sea in the period 1990‐2016 (b)

The information on airborne input of Cd, Hg, benzo(a)pyrene and PCB‐153 to the Baltic Sea was
presented and discussed during the Ninth Meeting of the Working Group on Reduction of Pressures
from the Baltic Sea Catchment Area (HELCOM PRESSURE 9‐2018) held in Riga, Latvia, in October
2018. In particular, it was noted that airborne deposition of Hg remained one of the main pathway of
this contaminant to the Baltic Sea environment that required further assessment of their sources and
long‐term changes.

5.2.3. UN Environment and Minamata Convention
MSC‐E continuously co‐operates with the United Nations Environment
Programme (UN Environment) on Hg pollution assessment. Mercury is a
global pollutant that causes increasing public concern about the adverse
effects on human health and biota. To support the international negotiation
process aimed at Hg pollution reduction the UN Environment coordinated
preparation of a series of Global Mercury Assessments (GMA) [UNEP, 2002;
AMAP/UNEP, 2008; AMAP/UNEP, 2013; AMAP/UNEP, 2015; UN Environment,
2019]. MSC‐E has been involved in all the assessments sharing information on
Hg pollution and coordinating activities on global scale modelling. The work
on the most recent Global Mercury Assessment 2018 has come to the end this year leading to the
public release of the Summary Report that contains the main findings on current status and changes
of Hg pollution on a global scale [UN Environment, 2019]. MSC‐E took part in the assessment
coordinating activities of the international group of experts on modelling of Hg fate and transport in
the atmosphere and pollution on global and regional scales.
In addition, MSC‐E contributed to the work of the Ad hoc Technical Expert Group on Effectiveness
Evaluation of the Minamata Convention providing information on relevant activities and gained
experience within the LRTAP Convention. In particular, the Centre submitted information on
approaches used within CLRTAP to assess Hg atmospheric pollution in the EMEP region by means of
monitoring and modelling and support evaluation of the adverse effects on human health and biota.
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6. MAIN CHALLENGES AND DIRECTIONS OF FUTURE RESEARCH
The Status Report summarizes EMEP activities in the field of heavy metal and POP pollution
assessment in 2019. It contains information on heavy metal and POP pollution levels, transboundary
transport, ecosystem‐specific deposition, atmospheric loads to watersheds etc. It also discusses
research and development activities aimed at improvement of the modelling tools, cooperation with
national experts of the EMEP countries, CLRTAP Subsidiary Bodies, and international organizations.
Main challenges of heavy metal and POP pollution assessment and directions of future research are
outlined below.
• Downscaling of pollution assessment from regional to national and local scales is performed
within a framework of country‐specific studies in co‐operation with national experts and
involving variety of national data. A new study has been initiated for Germany that will include
detailed assessment of Hg, Pb and Cd pollution in the country during the period 2014‐2016,
evaluation of national emissions using modelling results and observations, development of
recommendations for improvement of the assessment quality both on national and regional
scales. Besides, detailed assessment of PAH pollution in Poland will be launched with emphasis
on evaluation of exceedances of air quality guidelines and testing of the country’s emissions.
• Air pollution by toxic PAHs is recognized as a serious problem in some EMEP countries,
especially, in Central and Eastern Europe. To further improve the quality of PAH model
assessment, a multi‐model analysis for B(a)P pollution is planned in the framework of the
EMEP EuroDelta‐Carb intercomparison exercise in co‐operation with TFMM and national
experts. Detailed assessment of contributions of key emission source categories and
exceedances of the EU and WHO target levels in the EMEP region will be continued to support
activities of TF Health and WGE as well as to contribute to the analysis of the effectiveness of
the POP Protocol in co‐operation with TFTEI.
• Mercury pollution remains to be a topic issue both in the EMEP countries and at the broader
international level. The general concern about the Hg pollution problem is accompanied by
incomplete knowledge on Hg behaviour and cycling in the environment. In particular, there are
gaps in understanding of Hg chemical transformations in the atmosphere. Therefore, the major
mechanisms of Hg oxidation and photo‐reduction in the atmosphere will be further studied
and evaluated to improve quality of Hg pollution assessment. Besides, the multi‐media
approach to Hg simulations in GLEMOS will be further developed.

• Mercury and some POPs (HCB, PSDD/Fs, PCBs) are characterized by long‐residence time in the
atmosphere as well as by cycling and accumulation in various environmental media. Therefore,
assessment of Hg and POP pollution in the EMEP countries should take into account
contribution of global and secondary sources along with direct anthropogenic emissions from
regional sources. Besides, relative importance of these source types can change in time
dramatically due to reduction of anthropogenic emissions. Attribution of long‐term changes of
Hg and POP pollution to regional and extra‐regional (global and secondary) sources will be
performed using the multi‐media modelling system (GLEMOS) and available global Hg and POP
emissions inventories (e.g. EDGAR, UNEP).
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• Evaluation of adverse effects of heavy metal and POP pollution on human health and
ecosystems is of high importance. MSC‐E will continue long‐term co‐operation with WGE
focusing on joint analysis of heavy metal measurements in moss in co‐operation with ICP‐
Vegetation, support of ICP‐Waters with information on Hg deposition to water
bodies/watersheds, data exchange with TF Health on B(a)P pollution levels and exceedances of
air quality guidelines.
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APPENDIX A1
Reporting of EECCA countries
Table A1. Reporting of main heavy metals (Pb, Cd, Hg) of the EECCA countries within the last five years

Reporting of main heavy metals
EECCA countries

2015
2008 ‐ 2013

Armenia

(only Pb, only a few
sectors)

Azerbaijan

(only Hg, only a few
sectors)

1990 ‐ 2013

2016

(Pb, Cd, Hg)
2017

2014

1990‐2014 (Pb,
Cd: 1995‐2014)

Belarus

2013

Georgia

2007 ‐ 2013 (no

2007‐2014 (Cd,

Hg)

Hg: 2013‐2014)

2018

2019

2016

2017

1990 ‐ 2015 (Pb, 1990 ‐ 2016 (Pb,

1995‐2017

Cd: 1995‐2016)

(Hg1990‐2017)

2014‐2016

2017

2007 ‐ 2015

2007‐2016

2007‐2017

1990 ‐ 2016

Cd: 1995‐2015)

Kazakhstan

2013‐2014

1990, 2000,
2005, 2010 ‐
2015

Kyrgyzstan

2014 (only Hg)

2015 (only Hg)

2017

1990‐2014 (no
Republic of Moldova

2013

emissions
calculated for the
waste sector)

1990 ‐ 2015

2013

2014

2015

Russian Federation
Ukraine

2016

2017

Table A2. Reporting of POPs (PCDD/Fs, PAHs, HCB, PCBs) of the EECCA countries within the last five years

Reporting of POPs (PCDD/Fs, PAHs, HCB, PCBs)
2015
Armenia
Azerbaijan

2016

2017

2014
1995‐2013

1995‐2014 (no
HCB, no PCBs)

Belarus

2013

Georgia

2007‐2013 (no

(PCDD/Fs)

HCB)

2013‐2014

2018

2019

2016 (only

2017 (No HCB, no

PCDD/Fs)

PCBs)

1995 ‐2017
1995‐2015

1995‐2016

(HCB, PCBS no data
for 2000)

2014‐2016

2017

2007‐2015

2007‐2016 (HCB

2007‐2017

1990, 2000,
2005, 2010‐
2015

1990‐2016

2007‐2014
only 2013‐2016)

(PAHs, HCB, PCBs)

Kazakhstan

2013‐2014

Kyrgyzstan

2017
1990‐2014 (no

Republic of Moldova

2013

emissions
calculated for the
waste sector)

1990‐2015

Russian Federation
Ukraine

2013 (no PCDD/Fs)

2017
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APPENDIX A2
Emission changes between 2016 (reported in 2018) and 2017
(reported in 2019) over ±15 % (data sets used for gridding)
Data values represent the ‘total national totals’. The column ’data sources‘ in the table below
indicates the following four cases:

•

“reported”: both 2016 and 2017 data are reported by country.

•

“gapfilled”: both 2016 and 2017 data are gap‐filled with expert estimates

• “new gapfilled”: 2016 data was reported by country and 2017 data had to be gap‐filled by
expert estimates (because it was not reported by country)

• “new reported”: 2016 data was gap‐filled,

2017 data is as reported by country.

The indicator “new” in column “Change (%)” indicates that the value has been either reported or
gap‐filled for the first time.

Component

Country

Data sources

2017
value (t)

2016
value (t)

Change
(%)

Change
(t)

B(a)P

AZ

new gapfilled

0.396

0.200

98%

0.197

B(a)P

BY

reported

6.861

8.875

‐23%

‐2.014

B(a)P

ES

gapfilled

41.518

79.038

‐47%

‐37.520

B(a)P

GR

gapfilled

27.168

7.652

255%

19.516

B(a)P

HR

reported

1.920

2.286

‐16%

‐0.367

B(a)P

IS

reported

0.014

0.017

‐19%

‐0.003

B(a)P

MC

New reported

0.000

0.032

‐100%

‐0.032

B(a)P

MK

reported

1.890

2.848

‐34%

‐0.959

B(a)P

MT

reported

0.008

0.006

34%

0.002

B(a)P

NL

reported

1.949

1.652

18%

0.297

B(a)P

RU

gapfilled

68.651

86.900

‐21%

‐18.249

B(a)P

RUE

gapfilled

18.249

25.703

‐29%

‐7.454

B(a)P

SK

New reported

1.150

5.212

‐78%

‐4.062

B(b)F

AT

gapfilled

2.581

3.038

‐15%

‐0.458

B(b)F

AZ

new gapfilled

0.420

0.282

49%

0.138

B(b)F

BY

reported

13.457

17.471

‐23%

‐4.014

B(b)F

DE

reported

1.909

1.373

39%

0.536

B(b)F

ES

gapfilled

45.109

99.102

‐54%

‐53.992

B(b)F

GR

gapfilled

70.335

10.001

603%

60.334

B(b)F

IS

reported

0.042

0.063

‐32%

‐0.020

B(b)F

LT

reported

3.366

2.867

17%

0.499

B(b)F

MC

New reported

0.000

0.029

‐100%

‐0.029

B(b)F

MK

reported

2.069

3.095

‐33%

‐1.026

B(b)F

MT

reported

0.028

0.013

116%

0.015
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Component

Country

Data sources

2017
value (t)

2016
value (t)

Change
(%)

Change
(t)

B(b)F

NL

reported

1.882

1.520

24%

0.362

B(b)F

RU

gapfilled

74.589

108.960

‐32%

‐34.370

B(b)F

RUE

gapfilled

19.828

32.228

‐38%

‐12.400

B(b)F

SE

New reported

3.583

4.451

‐19%

‐0.867

B(b)F

SK

New reported

1.207

6.728

‐82%

‐5.522

B(k)F

AT

gapfilled

1.035

1.318

‐21%

‐0.283

B(k)F

AZ

new gapfilled

0.353

0.223

59%

0.131

B(k)F

BY

reported

3.769

4.722

‐20%

‐0.953

B(k)F

DE

reported

1.243

1.052

18%

0.192

B(k)F

ES

gapfilled

18.097

42.993

‐58%

‐24.896

B(k)F

FI

gapfilled

1.342

1.620

‐17%

‐0.278

B(k)F

GR

gapfilled

30.733

3.436

794%

27.297

B(k)F

IT

gapfilled

10.570

12.930

‐18%

‐2.361

B(k)F

KG

gapfilled

3.222

2.565

26%

0.657

B(k)F

LT

reported

1.304

1.104

18%

0.200

B(k)F

MC

New reported

0.000

0.039

‐100%

‐0.039

B(k)F

MK

reported

1.145

1.732

‐34%

‐0.588

B(k)F

MT

reported

0.008

0.006

27%

0.002

B(k)F

NL

reported

1.007

0.799

26%

0.207

B(k)F

NO

reported

0.978

0.571

71%

0.408

B(k)F

PL

reported

14.347

11.991

20%

2.356

B(k)F

RU

gapfilled

29.924

47.269

‐37%

‐17.346

B(k)F

RUE

gapfilled

7.954

13.981

‐43%

‐6.027

B(k)F

SE

New reported

1.281

1.644

‐22%

‐0.363

B(k)F

SK

New reported

1.062

2.813

‐62%

‐1.751

Cd

AZ

reported

0.100

0.170

‐41%

‐0.070

Cd

BE

reported

1.344

2.768

‐51%

‐1.423

Cd

ES

reported

4.221

7.038

‐40%

‐2.817

Cd

GB

reported

4.049

3.493

16%

0.556

Cd

GR

gapfilled

1.398

2.000

‐30%

‐0.602

Cd

LU

reported

0.070

0.084

‐16%

‐0.014

Cd

MC

New reported

0.000

0.001

‐65%

‐0.001

Cd

MT

reported

0.001

0.006

‐84%

‐0.005

Cd

NL

reported

0.765

0.653

17%

0.112

Cd

PT

reported

4.602

3.583

28%

1.018

Cd

UA

gapfilled

3.696

16.340

‐77%

‐12.644

PCDD/F

CY

reported

0.000

0.000

46%

0.000

PCDD/F

HR

reported

0.000

0.000

‐21%

0.000

PCDD/F

HU

reported

0.000

0.000

‐17%

0.000
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Component

Country

Data sources

2017
value (t)

2016
value (t)

Change
(%)

Change
(t)

PCDD/F

IS

reported

0.000

0.000

94%

0.000

PCDD/F

KG

gapfilled

0.000

0.000

41%

0.000

PCDD/F

LU

reported

0.000

0.000

‐22%

0.000

PCDD/F

LV

reported

0.000

0.000

16%

0.000

PCDD/F

MC

New reported

0.000

0.000

‐100%

0.000

PCDD/F

MK

reported

0.000

0.000

‐27%

0.000

PCDD/F

MT

reported

0.000

0.000

2141%

0.000

PCDD/F

PT

reported

0.000

0.000

‐47%

0.000

PCDD/F

RO

reported

0.000

0.000

22%

0.000

PCDD/F

RU

gapfilled

0.001

0.001

‐21%

0.000

PCDD/F

RUE

gapfilled

0.000

0.000

‐29%

0.000

PCDD/F

UA

gapfilled

0.001

0.000

135%

0.000

PCDD/F

UZ

gapfilled

0.000

0.000

22%

0.000

HCB

AZ

new gapfilled

0.000

0.000

‐73%

0.000

HCB

BE

reported

0.035

0.006

531%

0.030

HCB

BY

reported

0.001

0.001

35%

0.000

HCB

ES

reported

0.002

0.001

52%

0.001

HCB

FI

reported

0.034

0.059

‐43%

‐0.026

HCB

GB

reported

0.036

0.031

17%

0.005

HCB

IE

reported

0.002

0.002

19%

0.000

HCB

IT

reported

0.011

0.022

‐49%

‐0.011

HCB

KZT

new gapfilled

0.001

0.001

39%

0.000

HCB

LU

reported

0.000

0.001

‐24%

0.000

HCB

MC

New reported

0.000

0.000

‐100%

0.000

HCB

ME

gapfilled

0.002

0.003

‐45%

‐0.001

HCB

MK

reported

0.007

0.006

20%

0.001

HCB

MT

reported

0.000

0.000

4489%

0.000

HCB

PL

reported

0.004

0.005

‐18%

‐0.001

HCB

PT

reported

0.059

0.049

21%

0.010

HCB

RU

gapfilled

0.005

0.007

‐24%

‐0.002

HCB

RUE

gapfilled

0.002

0.002

‐24%

‐0.001

HCB

SK

reported

0.003

0.001

150%

0.002

Hg

FR

reported

3.795

3.227

18%

0.567

Hg

BE

reported

1.050

1.374

‐24%

‐0.324

Hg

BY

reported

0.270

0.198

36%

0.072

Hg

GR

gapfilled

1.647

2.148

‐23%

‐0.500

Hg

HU

reported

1.342

1.167

15%

0.175

Hg

LT

reported

0.146

0.105

38%

0.040

Hg

LU

reported

0.063

0.120

‐48%

‐0.058
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Component

Country

Data sources

2017
value (t)

2016
value (t)

Change
(%)

Change
(t)

Hg

MC

New reported

0.004

0.002

183%

0.003

Hg

MT

reported

0.026

0.004

518%

0.022

Hg

SK

reported

1.250

1.726

‐28%

‐0.476

Hg

UA

gapfilled

5.394

24.164

‐78%

‐18.769

IP

AT

gapfilled

1.838

1.531

20%

0.307

IP

AZ

new gapfilled

0.080

0.226

‐65%

‐0.146

IP

BA

gapfilled

1.185

1.414

‐16%

‐0.229

IP

BY

reported

3.937

5.100

‐23%

‐1.163

IP

ES

gapfilled

32.125

49.935

‐36%

‐17.810

IP

FI

gapfilled

2.382

1.881

27%

0.500

IP

GR

gapfilled

21.600

5.498

293%

16.102

IP

HR

reported

1.068

1.287

‐17%

‐0.219

IP

IS

reported

0.010

0.018

‐44%

‐0.008

IP

IT

gapfilled

18.763

15.018

25%

3.745

IP

KG

gapfilled

2.716

4.055

‐33%

‐1.339

IP

MC

New reported

0.000

0.014

‐99%

‐0.014

IP

MK

reported

1.205

1.829

‐34%

‐0.624

IP

MT

reported

0.007

0.006

26%

0.001

IP

NL

reported

0.944

0.808

17%

0.136

IP

SE

New reported

1.625

2.361

‐31%

‐0.737

IP

SK

New reported

0.667

3.846

‐83%

‐3.179

PAH

BY

reported

28.024

36.168

‐23%

‐8.144

PAH

DE

new gapfilled

32.816

181.621

‐82%

‐148.805

PAH

ES

reported

136.850

271.067

‐50%

‐134.217

PAH

GR

gapfilled

149.837

26.587

464%

123.250

PAH

IS

reported

0.092

0.130

‐29%

‐0.038

PAH

MC

New reported

0.000

0.114

‐100%

‐0.114

PAH

MK

New reported

6.367

9.504

‐33%

‐3.137

PAH

MT

reported

0.051

0.030

66%

0.020

PAH

NL

reported

5.783

4.779

21%

1.003

PAH

RU

gapfilled

226.283

298.031

‐24%

‐71.748

PAH

RUE

gapfilled

60.151

88.150

‐32%

‐27.999

PAH

SE

reported

10.286

12.581

‐18%

‐2.294

PAH

SK

reported

4.059

18.599

‐78%

‐14.540

Pb

AM

New reported

3.710

5.034

‐26%

‐1.324

Pb

AZ

reported

2.065

2.936

‐30%

‐0.870

Pb

CH

reported

14.939

19.183

‐22%

‐4.244

Pb

CY

reported

18.454

26.794

‐31%

‐8.339

Pb

ES

reported

100.099

153.004

‐35%

‐52.905
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Component

Country

Data sources

2017
value (t)

2016
value (t)

Change
(%)

Change
(t)

Pb

GB

reported

94.614

64.429

47%

30.184

Pb

GR

gapfilled

8.202

14.659

‐44%

‐6.458

Pb

IE

reported

5.084

13.400

‐62%

‐8.316

Pb

LV

reported

3.453

2.674

29%

0.779

Pb

MC

New reported

0.015

0.012

24%

0.003

Pb

MT

reported

0.187

0.751

‐75%

‐0.563

Pb

PL

reported

305.490

418.318

‐27%

‐112.828

Pb

RS

reported

54.804

38.574

42%

16.229

Pb

UA

New reported

102.434

85.464

20%

16.971

PCB

BE

reported

0.003

0.006

‐52%

‐0.003

PCB

BG

reported

0.004

0.003

21%

0.001

PCB

BY

reported

0.009

0.012

‐22%

‐0.003

PCB

EE

reported

0.005

0.004

20%

0.001

PCB

FI

New reported

0.026

0.000

NEW

0.026

PCB

GE

New reported

0.380

0.000

NEW

0.380

PCB

KG

gapfilled

0.005

0.000

NEW

0.005

PCB

LT

reported

0.002

0.001

32%

0.000

PCB

MC

New reported

0.000

0.000

21044%

0.000

PCB

MK

reported

0.025

0.008

234%

0.018

PCB

MT

reported

0.000

0.000

3573%

0.000

PCB

NL

New reported

0.000

0.000

NEW

0.000

PCB

PT

reported

0.096

1.095

‐91%

‐1.000

PCB

RO

reported

0.019

1.095

‐98%

‐1.077

PCB

UA

New reported

0.001

0.000

NEW

0.001
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APPENDIX A3
Overview of gap‐filling in 2019

Albania
Armenia
Aral Lake
Asian Areas
Austria
Atlantic Ocean
Azerbaijan
Bosnia and
Herzegovina
Baltic Sea
Belgium
Bulgaria
Black Sea
Belarus
Caspian Sea
Switzerland
Cyprus
Czechia
Germany
Denmark
Estonia
Spain
Finland
France
United Kingdom
Georgia
Greece
Croatia
Hungary
Ireland
Iceland
Italy
X
X
X
X
X

Cd
X
X
‐
X
X
‐
X

Hg
X
X
‐
X
X
‐
X

Pb
X
X
‐
X
X
‐
X

X

X

X

‐
X
X
‐
X
‐
X
X
X
X
X
X
X
X
X
X
X
X
X
X
X
X
X

‐
X
X
‐
X
‐
X
X
X
X
X
X
X
X
X
X
X
X
X
X
X
X
X

‐
X
X
‐
X
‐
X
X
X
X
X
X
X
X
X
X
X
X
X
X
X
X
X

Kyrgyzstan
Kazakhstan
Liechtenstein
Lithuania
Luxembourg
Latvia
Monaco
Republic of Moldova
Montenegro
Mediterranean Sea
North Macedonia
Malta
Netherlands
Norway
North Africa
North Sea
Poland
Portugal
Romania
Serbia
Russian Federation
Russian Federation
in the extended EMEP domain

Sweden
Slovenia
Slovakia
Tajikistan
Turkmenistan
Turkey
Ukraine
Uzbekistan

Reported (also in previous years!)
Partly replaced
Replaced
Partly expert estimates/reported data
Expert estimates only
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Cd
X
X
X
X
X
X
X
X
X
‐
X
X
X
X
X
‐
X
X
X
X
X

Hg
X
X
X
X
X
X
X
X
X
‐
X
X
X
X
X
‐
X
X
X
X
X

Pb
X
X
X
X
X
X
X
X
X
‐
X
X
X
X
X
‐
X
X
X
X
X

X

X

X

X
X
X
X
X
X
X
X

X
X
X
X
X
X
X
X

X
X
X
X
X
X
X
X

